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ABSTRACT 
 

 
Shrub encroachment at the desert margins, a worldwide phenomenon, results in a 

heterogeneous landscape characterized by a mosaic of nutrient-depleted barren soil 

bordered by nutrient-enriched shrubby areas known as “fertile islands”. Even though 

shrub encroachment is considered as a major contributor to the desertification of several 

regions around the world, little is known about mechanisms favoring the reversibility of 

the early stages of this process. In this dissertation, it is shown that fires interact with soil 

erosion processes to encourage a more homogeneous distribution of soil resources. To 

this end, I used a combination of replicated field scale techniques for soil erosion 

monitoring, microtopography measurements, infiltration experiments and isotope tracer 

studies conducted at a shrub-grass transition zone in the northern Chihuahuan desert 

(New Mexico, USA). The results indicate that fires tend to counteract the heterogeneity-

forming dynamics of land degradation associated with shrub encroachment, thereby 

enhancing the reversibility of the early stages of this process. The enhancement of post 

fire redistribution of soil resources is attributed to the enhancement of post fire soil 

erodibility, in particular, erosion by wind, which dominates in these landscapes. Further, 

it is hypothesized that the mechanisms causing the enhancement of post-fire soil 

erodibility are induced by post-fire soil hydrophobicity. These mechanisms (as well as 

their ecological implications) are a unique finding of this dissertation, in that, to my 

knowledge, they had never been reported before in the case of wind erosion. The effect of 

fire induced water repellency on soil susceptibility to wind erosion is demonstrated by 

wind tunnel experiments using laboratory treated clean sands and natural soils sampled 

after wild fires and prescribed burns. A theoretical model is developed to explain the 
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observed effects. The possible impacts of fire-wind erosion interactions on vegetation 

composition and structure are investigated using a spatially explicit model of vegetation 

dynamics. The modeling study shows the possible long-term effect of fires on the 

stability and resilience of fertility island systems. In particular, it is found that the fertility 

islands are dynamic rather than static features of these landscapes.  
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CHAPTER: 1 

INTRODUCTION 

 

Drylands cover about 41% of the earth’s surface [MEA, 2005] and include all 

terrestrial regions where production of crops, forage, wood and other ecosystem services 

are limited by water [MEA, 2005]. These regions include hyper-arid, arid, semiarid and 

dry sub humid areas of the world (Figure 1.1), where the aridity index, defined as the 

ratio between long-term mean annual precipitation and  potential evapotranspiration, is 

less that 0.65 [Middleton and Thomas, 1997]. The world’s drylands support a human 

population of over 2 billion, mostly in the developing world [MEA, 2005]. Rangelands 

(65%) and croplands (25%) account for 90% of all drylands on Earth [MEA, 2005].  

These regions are of critical concern as 10-20% of them are already degraded [Oldeman 

et al., 1991; Middleton and Thomas, 1997], while 70% of these drylands are thought to 

be affected by degradation of soil and vegetation leading to substantial reduction in 

ecosystem function and services [Dregne and Chou, 1992]. Even though it can be argued 

that these figures overestimate the reality [Lepers et al., 2005], it is well understood that 

in arid and semiarid environments land degradation is happening at an alarming pace, 

contributing to the depletion of resources in productive rangelands and cultivated lands 

[Dregne, 1976; Glantz, 1977; Dregne, 1983; Reynolds and Stafford-Smith, 2002]. 

Climate change, grazing, lack of proper soil management practices and shifts in 

vegetation composition (e.g. woody plant encroachment and invasion of exotic species) 

have rendered these landscapes susceptible to degradation with important implications on 

regional climate change and global desertification [Glantz, 1977; Hare, 1977; Dregne, 
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1983; Schlesinger et al., 1990; D’Antonio and Vitousek, 1992; Nicholson et al., 2000; 

Van Auken, 2000]. Land degradation may lead to desert-like conditions, a process 

commonly referred to as “Desertification” [UNCCD, 1994]. 

 

Figure 1.1 Present day dryland categories [Source: MEA, 2005] 

 

THE PROBLEM OF DRYLAND DEGRADATION  

The causes and consequences of dryland degradation, sometimes arguably 

referred to as “Desertification”, remains controversial and poorly understood [Thomas, 

1997; Geist and Lambin, 2004; Herrmann and Hutchinson, 2005; Veron et al., 2006]. 

The term “Desertification” was first used by Aubreville (1949) to describe transformation 

of productive tropical rain forest areas into desert as a result of human activity. Some 

authors even consider desertification as a potential but not necessary outcome of land 

degradation process. It results in environmental and socio-economic-political 

implications through a complex interplay of biophysical and anthropogenic factors acting 
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at different scales [Geist and Lambin, 2004]. The United Nations Conference to Combat 

Desertification [UNCCD, 1994] defines desertification as “land degradation in arid, semi 

arid and dry sub-humid areas resulting from various factors, including climatic variations 

and human activities” (first adopted by the United Nations Conference on Environment 

and Development, Earth Summit, UNCED 1992).   

Recent studies have shown that triggering factors of land degradation like global 

climate change have resulted in drier conditions in arid and semi arid regions [Nicholson 

et al., 1998]. The increase in aridity results in the dominance of propagation factors 

(mainly abiotic) of land degradation such as aeolian and hydrological transport processes 

[Okin, 2002]. Wind and water erosion are considered to have contributed to 87% of the 

degraded land [Middleton and Thomas, 1997; Lal, 2001]. Further, aeolian processes, the 

dominant erosion process in these landscapes [Breshears et al., 2004, Ravi et al., 2007], 

redistribute soil particles and nutrients and thereby affect the soil surface texture and 

water holding capacity [Lyles and Tatarko, 1986; Zobeck and Fryrear, 1986]. These 

changes affect the productivity and spatial pattern of soil resources and vegetation in 

these landscapes [Schlesinger et al., 1990; Okin and Gillette, 2001]. Dust emissions 

resulting from wind erosion contribute to dust aerosols that are transported to long 

distances [Swap et al., 1996] and deposited over continents and oceans [Okin et al., 2004; 

Duce and Tindale, 1991]. The desert dust is a major contributor of tropospheric aerosols, 

which affect global climate, air quality and hydrological-biogeochemical cycles 

[Schlesinger et al., 1990; Pope et al., 1996; Ramanathan et al., 2001; Rosenfield et al., 

2001; Neff et al., 2008].  Thus the impacts of dryland degradation can extend beyond the 

geographic boundaries of arid and semiarid regions. 
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Human activities have a profound influence on the degradation trends and 

patterns in drylands [Reynolds and Stafford-Smith, 2002; Asner et al., 2004; Neff et al., 

2008]. A typical example of the anthropogenic impacts of dryland degradation is the 

“Dust Bowl” period (the 1930s) in the Great Plains of the United States, when dramatic 

soil loss and dust emissions were observed as a result of poor land management practices 

in conjunction with dry climatic conditions [Worster, 1979]. Anthropogenic disturbances 

of dryland soils after the European colonization have also been reported in the case of the 

southwestern United States, Australia, Southern Africa, and South America. Large scale 

commercial grazing in conjunction with management practices such as fire suppression 

led to an increase in woody plants (shrub encroachment) and to the invasion of desert 

grasslands by exotic grasses, with negative impacts on ecosystem function and services 

[Archer, 1989; D’Antonio and Vitousek, 1992; Pickup, 1998; van Auken, 2000]. 

The overexploitation of grazing lands - which comprise around 70% of the 

world’s drylands - due to overgrazing and conversion to croplands, contribute to the 

pressure of anthropogenic disturbances on these marginal landscapes. In Mongolia and 

China (Inner Mongolia province) the most important anthropogenic factor contributing to 

land degradation is animal husbandry, by livestock grazing [Batjargal, 1992; Zhao et al., 

2005]. The carrying capacities of these grazing systems are increasingly exceeded, 

resulting in the degradation of vegetation and enhanced soil erosion (Figure 1.2). Even in 

the case of monsoon deserts like the Thar in India, which turns lush green following 

precipitation events, the overexploitation of fodder and fuel wood has caused the 

ecological destruction of the desert ecosystem resulting in slow rates of natural 

regeneration of vegetation following precipitation [Sinha et al., 1999; Chauhan, 2003]. 
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The increased pressure on drylands is further enhanced by climatic changes, urbanization 

and management factors, as the degrading landscapes are very dynamic in nature and are 

very sensitive to climate change and disturbances. A typical example is the Sahel region 

of Africa [Nicholson et al., 1998; Taylor et al., 2002], where a feedback between 

vegetation and climate resulted in alternative stable states of the system, with a stable dry 

(desertified) and stable moister (vegetated) climate regime [Charney, 1975; Xue and 

Shukla, 1993; Wang and Elthair, 1999; Zeng and Neelin, 1999].  

 

Figure 1.2 Grazing as a cause of land degradation at desert margins (a) margins of the 

Badain Jaran Desert, Inner Mongolia, China and (b) margins of the Thar Desert in 

Rajasthan, India [source: (b) CAZRI, Jodhpur, India]. 

 

As desertification is considered to be a cause and a consequence of poverty [UN 

Press Release, 2003], the mitigation of desertification would induce the reduction of 

poverty in dryland areas [MEA, 2005]. In the case of the sub-Saharan Africa, climatic 

disasters (the series of droughts from the later 1960s) combined with weak economies 

and unsustainable use of marginal resources increased the stress on the dryland 

ecosystems [Glantz, 1987; Hutchinson, 1996], which were unable to sustain the demands 

of the increasing human population [Drakoh, 1998]. These factors caused famines and 

large-scale human migrations with important socio-economic and political consequences. 
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[Glantz, 1987; Kassas, 1977; Mabbut and Wilson, 1980; Nnolli, 1990; Drakoh, 1998]. 

Even though desertification affects over one-third of the world population; the factors 

contributing to desertification remain poorly understood [Reynolds and Stafford Smith, 

2002]. Hence understanding the biophysical processes contributing to land degradation in 

drylands is motivated by the increasing need to estimate long-term changes in food 

supply, designing and evaluating soil conservation and land reclamation programs, 

assessing the rate of entrainment of dust in the atmosphere and its contribution to global 

climate change, and analyzing the effect of climate change and management scenarios on 

drylands. 

 

SHRUB ENCROACHMENT: A MANIFESTATION OF LAND DEGRADATION 

The grasslands at the desert margins, which are very sensitive to external drivers 

like climate change, are areas affected by rapid land degradation processes [Nicholson et 

al., 1998]. The common form of land degradation at desert margins involves the rapid 

shift from grasses to woody plants, i.e., the encroachment of woody plants into areas 

historically dominated by grasses, a process that will be here referred to as “shrub 

encroachment” [Archer, 1989; van Auken, 2000]. The encroachment of woody plants into 

grasslands at desert margins (Figure 1.3) can result from the complex interaction among 

several factors including climate change, increase in CO2 concentration and 

anthropogenic disturbances [Archer, 1989; Schlesinger et al., 1990; van Auken, 2000]. 

The shrub encroachment process, thought to be irreversible and sustained by the 

biophysical feedbacks of desertification, results in the formation of a patchy landscape 

with nutrient rich shrub patches (“Islands of fertility”) scattered among patches of grasses 
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and nutrient depleted bare interspaces [Schlesinger et al., 1990; Okin and Gillette, 2001]. 

These landscapes are characterized by increased erosion processes, mostly aeolian [Okin 

and Gillette, 2001; Breshears et al., 2003], which maintain and enhance the local 

heterogeneities in the system. 

 

Figure 1.3 Shrub encroachment into grasslands (a) Creosote bush in a black grama 

grassland at Sevilleta Wildlife Refuge, New Mexico, USA (b) Yuccas in a burned blue 

grama grassland at Cimarron National Grasslands in Kansas, USA. 

 

A set of positive feedbacks has been invoked to explain the persistent and 

catastrophic character of land degradation dynamics as the result of a self-sustaining 

feedback loop [Schlesinger et al., 1990; Anderies et al., 2002]. For example, in the case 

of the southwestern United States, the introduction of cattle after European settlement led 

to an enhancement of mesquite seed dispersal, the degradation of the grass layer, and a 

reduction in fire frequency and intensity [Archer, 1989; van Auken, 2000]. These 

processes triggered a self-sustained cycle of erosion, depletion of soil resources, and 

vegetation loss in grass-dominated areas, while the encroachment of shrubs was favored 

by the deposition of nutrient-rich sediments transported by wind and water, and the 

consequent formation of fertile shrub patches (Figure 1.4). At the same time, loss in grass 
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fuel decreased the pressure of fires on shrub vegetation thereby further enhancing woody 

plant encroachment. Overall, this landscape-scale degradation is manifested as an 

increase in the heterogeneity in the spatial distribution of soil resources, microtopography 

and vegetation and by an increase in the extent of nutrient-depleted bare soil areas 

[Schlesinger et al., 1990; Okin and Gillette, 2001].  

 

Figure 1.4 Stages of grassland to shrubland conversion in the Chihuahuan Desert, New 

Mexico, USA.  

 
Factors like fire suppression and overgrazing have presumably led to the 

dominance of woody plants. These processes resulted in grass mortality and subsequent 

loss of fuel load and grass connectivity, which further suppressed or limited fires in the 

system. Further, as the grass cover decreases, wind and water erosion increase in 

importance, eventually driving landscapes with sandy soils into a coppice duneland state 
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(Figure 1.4) [Ravi et al., 2007]. Figure 1.5 provides a schematic representation of the four 

conceptual states characterizing the transition from grassland to shrubland. The research 

presented in this dissertation demonstrates the ability of fires to mitigate the early 

stages of land degradation associated with the shrub-grass transition state. It will be 

shown how prescribed fire can counteract the resource hetereogeneity-forming dynamics 

of shrub encroachment process by enhancement of local scale resource redistribution 

resulting in post fire alteration in soil erosion rates. 

 

 

Figure 1.5 Conceptual diagram of the grassland to shrubland transition. 
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INTERACTIONS BETWEEN FIRES AND SOIL EROSION PROCESSES  

In arid landscapes, soil erosion is mainly due to aeolian processes - as opposed to 

water erosion [Breshears et al., 2003] - which maintain local heterogeneities in nutrient 

and vegetation distribution through the removal of nutrient-rich soil from intercanopy 

areas and subsequent deposition onto vegetation patches [Schlesinger et al., 1990; Okin 

and Gillette, 2001]. Dryland systems are also prone to disturbances like fires and grazing 

which can render soils more susceptible to erosion processes. Fires affect the abundance 

and distribution of shrubs and grasses in arid ecosystems [van Langevelde et al., 2003; 

Sankaran et al., 2004]. Vegetation cover, in turn, affects the fire regime, in that both fire 

intensity and frequency depend on the relative abundance of shrubs and grasses [Anderies 

et al., 2002]. Further, fires are known for having a major impact on infiltration, runoff 

and water erosion [e.g., DeBano, 2000; Doerr et al., 2000]. The post-fire increase in 

runoff and soil erosion is caused by the decrease in infiltration capacity resulting from 

fire-induced water repellency [DeBano, 2000; Doerr et al., 2000]. Hence, erosion 

processes can interact with disturbances such as fires to affect the rates of soil erosion 

and redistribution in these systems. This fact is especially important in the case of land 

degradation caused by encroachment of shrubs in the grasslands at the desert margins. At 

the early stages of the encroachment of desert grasslands by shrubs, there exists enough 

grass cover to carry the fires from one shrub patch to the neighboring patch. Thus fire-

erosion feedbacks can be major factors in the redistribution of soil resources and the 

formation of spatial pattern in dryland vegetation. While the effect of post-fire water 

repellency on runoff and water erosion is relatively well-understood, its impact on 

wind erosion, which is the dominant erosion process in these dryland landscapes, 
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has never been assessed before. In this dissertation I will show that fire-induced soil 

hydrophobicity results in the enhancement of soil erosion in and around the shrub 

patches, which therefore become more erodible after the fire. By affecting the strength of 

interparticle wet-bonding forces, fire-induced water repellency enhances soil erodibility, 

causing a drop in wind erosion threshold velocity (the minimum velocity for erosion to 

occur). Thus, I hypothesize that the mechanisms causing the enhancement of post-

fire soil erodibility are induced by post-fire soil hydrophobicity. These effects will be 

demonstrated by field experiments, and wind tunnel tests using both laboratory treated 

sands, and natural soils from areas affected by wildfires and prescribed burn experiments. 

A theoretical framework will be developed to explain the observed effects. Further, I 

hypothesize that the enhancement of soil erosion after fires can lead to a decrease in 

the spatial heterogeneity of resources and alter the patchy structure of vegetation.  

Until recently the process of fertility island formation in the grassland to 

shrubland conversion was thought to be highly irreversible. However this study shows 

that there exists a very dynamic state of shrub-grass transition, in which fire may play a 

major role    in determining the recovery of grasses. Hence the “fertility islands” are not 

necessarily static features of the landscape, but they can be dynamic. This dissertation is 

particularly concerned with the fertility island dynamics resulting from the 

interaction between wind and fire. This study shows that fire-wind erosion 

feedbacks are major factors controlling spatial patterns of vegetation and soil 

resources in heterogeneous arid landscapes. The post fire enhancement of resource 

redistribution counteracts the heterogeneity-forming processes contributing to the 

emergence of fertility islands and the encroachment of shrub vegetation. Thus, the 
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interaction between fires and aeolian processes is thought to have a possible negative 

feedback on the encroachment of shrubs into desert grasslands. Thus findings of this 

dissertation research also highlight the role of fire as a management tool in the early 

states of land degradation due to shrub encroachment. 

 

GOALS AND ORGANIZATION OF THIS DISSERTATION 

Major goals of this dissertation are: 

1. TO DEMONSTRATE THE ROLE OF HYDROLOGIC AND AEOLIAN 

PROCESSES IN DETERMINING THE VEGETATION PATTERNS AND SOIL 

HYDROLOGIC PROCESSES IN ARID LANDSCAPES. 

(i) Hydrologic and aeolian controls on vegetation patterns in arid landscapes: 

Coppice dune formation. [Chapter 2] 

(ii) Form and function of grass ring patterns in arid landscapes: the role of abiotic 

controls. Grass ring patterns. [Chapter 3] 

 

2. TO INVESTIGATE HOW, BY ALTERING THE SOIL EROSION RATES, 

FIRE-WIND EROSION INTERACTIONS MODIFY THE LANDSCAPE 

HETEROGENEITIES IN SHRUB ENCROACHED LANDSCAPES. To this end 

plot-scale manipulative field experiments have been conducted in a shrub-grass transition 

zone in the Northern Chihuahuan desert. [Chapter 4] 
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3. TO DEMONSTRATE THE ROLE OF FIRE INDUCED WATER 

REPELLENCY IN THE POST FIRE ENHANCEMENT OF WIND EROSION 

(i) To investigate the effect of fire-induced water repellency on soil 

susceptibility to wind erosion using laboratory treated sands. In this case 

wind tunnel measurements have been carried out on soils that have not been 

burned, but treated with chemical compounds to “artificially” induce water 

repellency. In case these soils exhibit higher erodibility we can conclude that 

repellency is capable of weakening interparticle bonding forces. [Chapter 5] 

(ii) To develop a theoretical framework to investigate and model the effect of 

water repellency on interparticle bonding forces and on the threshold 

velocity for erosion. This framework mechanistically explains the 

dependence of soil erodibility on the water-soil contact angle for uniform 

spherical sand grains.  [Chapter 5] 

(iii) To demonstrate the effect of fire induced water repellency on wind 

erosion in natural soils. For this part of the study I have collected soil 

samples from areas affected by major burns (Cimarron National grasslands, 

KS) and tested them in a wind tunnel to show that fires indeed decrease the 

threshold shear velocity. To assess whether the increase in erodibility in the 

burned areas is due to fire-induced water repellency, a number of laboratory 

tests have been carried out to measure soil water repellency in the burned soils 

and in the controls. [Chapter 6] 

(iv) To modify the theoretical framework for the case of natural soils. Natural 

soils are not necessarily composed of well-rounded grains as in the 
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assumption made in the laboratory study. Hence the theoretical framework has 

been modified for a more general soil geometry. [Chapter 6] 

(v) To investigate the importance of vegetation types on fire-erosion 

interactions: The effects of fires on wind erosion thresholds in different 

ecosystems have been assessed (and compared) for different vegetation types: 

A grassland and a shrubland at the Cimarron National grasslands (Kansas) and 

a heterogeneous patchy landscape with shrubs, grasses and bare interspaces at 

the  Sevilleta Wildlife Refuge (New Mexico). [Chapter 7] 

 

4. EFFECT OF WIND AND FIRES AT THE FIELD TO LANDSCAPE SCALE: 

FERTILITY ISLAND DYNAMICS   

(i) To model the possible impact of fire-wind erosion interactions on 

vegetation dynamics and the effect of vegetation composition/structure on 

soil erodibility. The effects of fire-wind erosion interactions on the stability 

and resilience of fertility island systems have been investigated using a 

spatially explicit cellular automata model. [Chapter 8] 
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CHAPTER: 2 

HYDROLOGICAL AND AEOLIAN CONTROLS ON VEGETATION 

PATTERNS IN ARID LANDSCAPES 

(This paper is published in Geophysical Research Letters) 

 

Abstract 
Hydrological and aeolian processes redistribute sediments and nutrients within arid 

landscapes with important effects on the composition and structure of vegetation. Despite 

the relevance of wind and water erosion to the dynamics of arid and semiarid ecosystems, 

the interactions between these two processes remain poorly understood. In this chapter 

we present the results of an intensive set of infiltration experiments from the Chihuahuan 

Desert, showing that in this system the infiltration capacity under the shrub canopy is 

lower than that at the outer edges of the vegetated patches. Hence, runoff is more likely to 

occur from the middle of these shrub-dominated areas to the edges. These experimental 

results show that the differential rates of soil deposition and removal by aeolian processes 

result in differential rates of hydrological processes such as infiltration and runoff with 

important implications for the formation and expansion of mesquite dunes in arid 

landscapes. 
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1. Introduction 

Hydrological and aeolian processes redistribute sediments and nutrients within 

arid landscapes with important implications on the composition and structure of 

vegetation. The interactions between these processes are thought to play a major role in 

the conversion of disturbed desert grasslands into shrublands, with possible impacts on 

regional climate and desertification [Schlesinger et al., 1990].  Aeolian processes, which 

are presumably the dominant mechanism of soil detachment and transport in many arid 

environments [Breshears et al., 2003], are largely responsible for the removal of nutrient-

rich soil particles from the intercanopy areas and the deposition onto shrub patches [Li et 

al., 2007]. This sediment redistribution leads to the accumulation of nutrients under the 

shrub canopies, a process known as “fertility island formation” [Schlesinger et al., 1990]. 

Thus, the landscape exhibits a mosaic of sources and sinks, with bare soil interspaces 

acting as sources and vegetated patches as sinks of nutrients and sediments [Virginia and 

Jarrell, 1983; Puigdefabregas, 2005]. Through their impact on the soil moisture regime, 

hydrological processes such as infiltration and runoff determine the conditions favorable 

for the establishment and survival of different vegetation functional types, with a 

consequent impact on the structure and function of water-limited ecosystems [Thurow et 

al., 1986; Bhark and Small, 2003]. Thus, wind erosion maintains and enhances the local 

heterogeneities in nutrient and vegetation distribution existing in arid landscapes, while 

hydrological processes, such as infiltration and runoff, control soil water availability with 

important effects on the successful establishment and growth of dryland vegetation. 
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The heterogeneity in vegetation and resource distribution determines the 

heterogeneity in the spatial distribution of soil infiltration capacity, runoff and erosion 

rates [Puigdefabregas, 2005], which, in turn, result in the formation of areas of 

hydrologically enhanced plant productivity [Rango et al., 2006]. The biological response 

to water availability is also heterogeneous, due to the differences in plant and soil 

characteristics typically existing within a patchy landscape [Rango et al, 2006; Wang et 

al., 2007]. Positive feedbacks between vegetation and surface soil moisture [Breman and 

Kessler, 1995] may further enhance heterogeneities in vegetation and soil distribution, 

contributing to the emergence of alternative stable states in dryland vegetation [Walker et 

al., 1981, Rietkerk and van de Koppel, 1997] and vegetation pattern formation [e.g., 

Lefever and Lejeune, 1997; van de Koppel et al., 2002; D’Odorico et al., 2006]. In fact, 

the wetter surface soils existing under the canopy may facilitate vegetation establishment, 

while the drier soil in the interspaces may prevent vegetation growth.  

Even though, the role of hydrological [Reid et al., 1999; Neave and Abrahams, 

2002; Bhark and Small, 2003] and aeolian processes [Okin and Gillette, 2001; Ravi et al., 

2004; Li et al., 2007] in the dynamics of dryland ecosystems has been well documented, 

very few studies have addressed how the interactions between these processes affect 

fertility island dynamics. Until recently, the common understanding of sediment 

redistribution and transport processes in desert shrublands was based on the notion that 

runoff originating from bare soil interspaces converges towards the “vegetated islands”, 

thereby leading to the deposition and accumulation of nutrient-rich sediments beneath the 

canopy. Previous studies on infiltration rates in these landscapes have rarely considered 

the variations in infiltration rates within the shrub-dominated resource islands. Here, we 
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show, through a an extensive series of infitrometer measurements and laboratory 

analyses, that the infiltration rates inside the fertility islands may be lower than the outer 

edges, indicating that runoff occurs also from the center of these islands to the outer 

edges. This investigation shows that the differential rates of soil deposition and removal 

by aeolian processes, which results in differential rates of hydrological processes such as 

infiltration and runoff, may be responsible for the formation and expansion of mesquite 

dunes in arid landscapes. 

 

2. Materials and methods 

The study site was a honey mesquite (Prosopis glandulosa) dominated shrubland 

at the USDA ARS Jornada Experimental Range (+32.5 N, -106.8W), located in the 

northern Chihuahuan Desert, near Las Cruces, NM. The infiltration experiments and soil 

sampling were conducted during the dry period of the year (April - May 2006). The 

mesquite mounds in the study sites were unevenly distributed with bare interspaces of 3- 

5 m separating the mounds. Infiltration rates were measured using a mini disk 

infiltrometer (Decagon Devices, Pullman, Washington) using a suction of 2 cm. The mini 

disk infiltrometer is ideal of this kind of situations as it requires small amounts of water 

for its operation (135ml), and is small enough to measure infiltration at several points 

within the vertical projection of shrub canopies. Infiltration was measured upwind, in the 

middle and downwind from each mesquite and also in the bare interspaces, where the 

upwind and downwind positions were determined using long-term wind data of Helm and 

Breed [Helm and Breed, 1999]. More than hundred infiltration tests were performed 

around 30 mesquite mounds (total) and bare interspaces in two selected areas (more than 
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100m apart). The mesquite mounds selected for the study were further classified based on 

the height of the mound (height of the center of the mound with respect to the bare 

interspaces) into small mounds (ht < 15cm) and large mounds (ht > 15cm). The 

dimensions of mesquite shrubs (length, width, height) and mound (height of the mound) 

were also measured. The height of the mounds varied from 5cm to 30 cm and the shrubs 

on the mounds were 0.5m - 1 m tall and 1m to 3 m wide. Soil samples (top 5 cm) were 

collected from upwind, center and downwind of the shrubs. 

Soil texture was determined using the standard hydrometer method [ASTM D422, 

1981]. A soil hydrometer (Fisher brand Specific Gravity Scale Soil Hydrometer) was 

calibrated to measure the specific gravity of the soil suspension; the size fractions (wet 

method) were calculated based on the settling time of the suspended particles (Table 2.1). 

The particle size fractions (dry method)  at the center of shrub islands and bare 

interspaces were compared using Ro-Tap Test sieve shakers (W.S. Tyler) which provides 

accurate and consistent particle size analysis in  five particle size classes (45, 125, 250, 

355, 500 microns). Total soil carbon and nitrogen were determined using the standard 

combustion method [Gavlak et al., 1994]. To investigate how differences in infiltration 

rates and nutrient content change with the development of the dunes/mounds, the results 

of all these measurements are reported separately for small (i.e., <15 cm ht) and large 

(i.e., >15 cm ht) dunes. Statistical tests (single factor ANOVA) were carried out to show 

that the differences in particle size distribution and nutrient contents were significantly 

different upwind, in the center and downwind of the mesquite mounds. 
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3. Results  

The infiltrometer measurements show that the infiltration rates are lower in the 

center of the shrub mounds compared to upwind and downwind areas (Figure 2.1.a). The 

downwind areas of the shrub mounds had lower infiltration rates compared to the upwind 

areas.  
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Figure 2.1 (a) Average infiltration rates at the upwind, central and downwind locations 

for all the shrubs mounds considered in the study. (b) Comparison of average infiltration 

rates at upwind, central and downwind locations in big and small mounds 
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This heterogeneity of infiltration rates are more noticeable in the case of small 

mounds (<15 cm) when compared to large shrub mounds (> 15cm), clearly indicating the 

dependence of infiltration rates on mound height and development stage (Figure 

2.1.b).The infiltration rates in the bare interspaces were generally found be lower than the 

upwind areas of the shrub mounds. However the interspace infiltration rates were very 

inconsistent depending on the soil surface crust characteristics. The results from the Ro-

Tap Test sieve shakers show that there is more accumulation of finer particles (clay, silt, 

very fine sand, and fine sand) in the center of the mesquite mounds compared to the bare 

interspaces (Figure 2.2).  
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Figure 2.2 Accumulation of finer particles at the center of the shrub mounds compared to 

the bare interspaces (Using Ro-Tap Test sieve shakers) 

 

The soil particle size distribution using the hydrometer method shows that there 

was a significant variation (based on a single factor ANOVA, P-value < 0.0002 for both 

sand and fines (silt and clay)) in particle size distribution between the upwind, center and 

downwind areas of the shrub mounds. The average sand content in the center of the shrub 
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mounds was 88 % (considering all shrubs studied), while fine particles (silt and clay) 

were 13%. In contrast, the upwind areas of the dunes had on average 94% sand content 

and 7% content of fine particles. The downwind side showed an intermediate particle size 

distribution with 91% average sand content and 10% of fine particles.  

 

Table 2.1 Textural and nutrient status of the soils used in this study (standard deviation 

values in brackets) 

Particle size (%) Nutrient status (%)  

 Sand Silt Clay Total N Total C 

 

Upwind 

92.2 

(1.4) 

2.7 

(1.2) 

5.3 

(1.6) 

0.039 

(0.008) 

0.324 

(0.038) 

Center 84.8 

(4.4) 

7.4 

(4.0) 

7.8 

(3.0) 

0.110  

(0.023) 

1.006 

(0.221) 

 

Shrubs with small 

mounds ( < 15 cm) 

Downwind 89.4 

(2.6) 

4.4 

(2.6) 

6.1 

(1.6) 

0.040 

(0.006) 

0.352 

(0.048) 

Upwind 

 

94.4 

(1.4) 

1.6 

(1.0) 

4.0 

(1.6) 

0.033 

(0.011) 

0.199 

(0.056) 

Center 91.0 

(1.2) 

4.0 

(2.0) 

5.0 

(1.8) 

0.064 

(0.008) 

0.477 

(0.101) 

 

Shrubs with large 

mounds ( > 15 cm) 

 

Downwind 91.6 

(2.7) 

3.6 

(2.7) 

4.8 

(1.6) 

0.038 

(0.013) 

0.266 

(0.067) 

 

Bare interspaces 

95.01 

(1.05) 

1.07 

(0.78) 

3.93 

(1.26) 

0.019 

(.007) 

0.173 

(0.075) 
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The corresponding values of saturated hydraulic conductivity (k) were calculated 

using the method proposed by Zhang (1997), for dry soils. The value of k at the center 

bare patches (8 x 10 -5 cm/sec) were significantly smaller than those at microsites located 

in upwind (1.9 x 10 -3 cm/sec) and downwind areas (4.4 x 10 -4 cm/sec). The middle of 

the mounds had higher concentration of fine particles (silt and clay) and lower sand 

content compared to upwind and down wind areas of the mounds.  

Even though this significant variation in particle size distribution between the 

upwind, center and downwind areas of the shrub mounds was noticed in both small 

mounds (P-value < 0.001 for both sand and fines) and large mounds (P-value < 0.009 for 

both sand and fines), the variation in particle size distribution was more noticeable in the 

case of small mounds compared to large mounds (Table 2.1). The total soil carbon and 

nitrogen contents were higher in the center of the shrub mounds compared to upwind and 

downwind areas (and bare interspaces), consistent with the notion of “fertility islands” 

formation (Table 2.1).  The statistical test (single factor ANOVA) confirmed that the total 

nitrogen (P-value < 0.0004) and total carbon (P-value < 0.001) are significantly different 

for the center, upwind and downwind of the shrubs. 

 

4. Discussion  

The infiltration experiments show that, even though infiltration rates in the 

fertility island are greater than in bare interspaces consistently with previous studies 

[Bhark and Small, 2003; Rango et al., 2006], a wide variation exists within these 

vegetated islands, with the infiltration rates being significantly lower in the center than in 

the upwind and down wind locations. This is explained by the higher clay and silt content 
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in the center of the shrub mounds compared to the edges (Table 2.1) and by the ability of 

vegetation to enhance soil infiltration capacity (e.g., due to the presence of roots, 

macropores, organic matter). The average sand content in the center of the shrub mounds 

(considering all shrubs studied), were lower than the upwind areas of the mounds, while 

fine particles (silt and clay) showed the reverse trend. The downwind side showed an 

intermediate particle size distribution, probably due to the settling of fine particles in the 

wake of the wind stream. The variation in particle size distribution and the associated 

variations in infiltration rates between these areas within the shrub mounds are more 

prominent in the case of small mounds (height < 15 cm) compared to large mounds 

(height >15 cm). The results from this study suggest that water redistribution occurs 

down slope from the center of the dunes to the edges (upwind and down wind areas) 

where infiltration occurs at a higher rate. Mesquite roots extend to the upwind, downwind 

areas and also to the bare interspaces, so the shrubs can still exploit water infiltrating 

outside of the vertical projection of their canopy. Further, the higher run off from the 

nutrient rich center of the dunes to the edges also results in the transport of nutrients to 

the outer edges. The nutrient data (Table 2.1) indicates that the centers of the shrub 

mounds have a higher nutrient content than the upwind and downwind areas.  

Our data suggest that fine sediments are redistributed by aeolian processes from 

the interspaces onto the vegetated islands (mesquite dunes), where they remain sheltered 

by the shrub vegetation. This process leads to the formation of an area of fine textured 

soils with higher concentration of wind borne fines (hence with lower infiltration rate) 

inside the shrub patch (Figure 2.2). The differential redistribution of soil particles on to 

the vegetation by aeolian and hydrological processes can create textural changes in and 
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around the vegetation which can alter the infiltration and runoff processes, as surface soil 

texture (top few centimeters) is thought to be a major factor determining the rate of water 

infiltration in to the soil [Wood et al., 1987, Bestelmeyer et al., 2006]. Due to slower 

infiltration within these patches, runoff likely occurs from the middle of mesquite 

mounds toward the edges where it likely infiltrates at the outer edges of the mound.  Thus 

the outside of mesquite mounds are ideal sites for the uptake of water by the existing 

plants or growth and establishment of new plants, especially in the case of nitrogen-fixing 

shrubs like the mesquites, which are less sensitive to nitrogen limitations (Figure 2.3). As 

the mound grows, however, runoff-driven redistribution of sediments from the middle to 

the edges of the dune appears to cause a decrease in the differences in soil texture, soil 

hydraulic properties, and nitrogen content between the center and the edges of the dunes. 

While these differences decrease with the dune age, gravity-driven redistribution of water 

as overland flow remains within the bigger mounds, with the dune edges becoming 

preferential sites for water uptake and plant growth. These interactions between 

windborne sediment patterns and water infiltration and redistribution results in the 

outward growth of vegetation, both in the upwind and downwind directions. This 

outward growth pattern creates bare open spaces within the shrubs. Similar growth 

pattern of dune vegetation was observed in previous studies [e.g. Shen, 1988; 

Fearnehough et al., 1998] in the stabilized desert dunes of Northern China, where the 

deposition of finer soils resulted in considerable changes in soil texture. The retention of 

moisture at the surface by the finer soils existing at the center of the mounds combined 

with the formation of physical and biological soil crusts [Danin et al., 1989] resulted in 

the decline of planted shrubs [Shen, 1988]. As this barren area in the middle of a shrub 



 26

patch increases in size, its ability to retain fine particles decreases. This fact contributes to 

the explanation of why, compared to small mounds, big mounds exhibited smaller 

differences in particle size distribution and hence in infiltration rates among upwind, 

central and downwind areas. 

 

Figure 2.3 Conceptual diagram showing the interaction of hydrological and aeolian 

processes (straight black arrows indicates hydrological processes and curved grey arrows 

indicate aeolian processes). (a) Diagram showing the formation of islands of fertility 

around the shrub by the deposition of wind borne fines. (b) Diagram showing the changes 

in hydrologic processes (infiltration and runoff) which results in changes in the growth 

patterns of the shrubs. 
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5. Conclusions   

In the case of the system investigated in this study, runoff generation does not 

tend to augment the size of coppice dunes. These patterns are best explained by the 

deposition/accumulation of wind-borne (finer) sediments onto mesquite dunes. Runoff 

contributes to the redistribution of water and nutrient-rich sediments from the middle to 

the edges of the dune, and to the consequent preferential establishment/growth of 

mesquite shrubs at the edges. Thus the formation and development of coppice dunes, and 

of associated vegetation patterns results from the interaction between hydrologic and 

aeolian processes. Mesquite shrubs contribute to coppice dune formation and 

augmentation by the differential trapping of fine wind-borne sediments among areas 

located at the center, upwind and downwind of the shrub. Even though the center of 

shrub mounds is richer in nutrients due to the aeolian deposition of fine sediments, the 

observed patterns of vegetation growth at the mound edges indicate that shrub 

establishment and growth is controlled by hydrologic processes. Due to the lower water 

infiltration and elevated runoff, the center of the mounds is not a preferred site for this 

vegetation, when compared with the mound edges, where soils exhibit higher infiltration 

capacity and elevated run-on rates. Thus, the interaction of aeolian processes with a 

sparse shrub cover leads to heterogeneity in soil texture and soil hydrological processes 

(infiltration, runoff and soil moisture), which in turn affect vegetation growth patterns.  
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CHAPTER: 3 

FORM AND FUNCTION OF GRASS RING PATTERNS IN ARID 

GRASSLANDS: THE ROLE OF ABIOTIC CONTROLS 

(This chapter is in review for publication in Oecologia) 

Abstract 

Ring shaped growth patterns commonly occur in resource-limited arid and semiarid 

environments. The spatial distribution, geometry, and scale of vegetation growth patterns 

result from interactions between biotic and abiotic processes, and, in turn, affect the 

spatial patterns of soil moisture, sediment transport, and nutrient dynamics in aridland 

ecosystems. Even though grass ring patterns are observed worldwide, a comprehensive 

understanding of the biotic and abiotic processes that lead to the formation, growth and 

breakup of these rings is still missing. Our studies on patterns of infiltration and soil 

properties of blue grama (Bouteloua gracilis) grass rings in the northern Chihuahuan 

desert indicate that ring patterns result from the interaction between clonal growth 

mechanisms and abiotic factors such as hydrological and aeolian processes. These 

processes result in a negative feedback between sediment deposition and vegetation 

growth inside the bunch grass, which leads to grass die back at the center of the grass 

clone. We summarize these interactions in a simple theoretical and conceptual model that 

integrates key biotic and abiotic processes in ring formation, growth and decline. 
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1. Introduction 

Vegetation patterns such as bands [Leprun, 1999; Valentin and d'Herbes, 1999; 

Yizhaq et al., 2005], stripes [White, 1971; Janeau et al., 1999; Ludwig et al., 1999], spots 

[Couteron and Lejeune, 2001] and rings [Cosby, 1960; Lewis et al., 2001; Sheffer et al., 

2007] are a recurrent characteristic of resource limited arid and semi-arid landscapes 

[Greigsmith, 1979; HilleRisLambers et al., 2001; Rietkerk et al., 2002]. Interactions 

between surface soil moisture, erosion processes, and vegetation are thought to be the 

major factors responsible for the formation of these patterns [Valentin et al., 1999]. The 

geometry, spatial distribution and scale of vegetation pattern, which result from 

interactions between biotic and abiotic processes, affect the spatial patterns of soil 

moisture, sediments and nutrients in these landscapes [Puigdefabregas, 2005; Bautista et 

al., 2007; Ludwig et al., 2007]. The spatial distribution of water and sediments, in turn, 

determine plant growth, root biomass and species composition [Valentin et al., 1999]. 

Thus, vegetation patterns can be considered as biological indicators of abiotic processes 

such as runoff and infiltration, and of source-sink areas for sediments in dryland 

landscapes [Imeson and Prinsen, 2004]. Further, changes in vegetation patterns are 

thought to be easily recognizable signs of environmental change (e.g., desertification) in 

degraded arid landscapes that are sensitive to climate fluctuations and prone to 

anthropogenic disturbances [von Hardenberg et al., 2001; van de Koppel et al., 2002; 

Scanlon et al., 2007]. On the other hand abiotic controls, such as hydrologic [Reid et al., 

1999; Neave and Abrahams, 2002] and aeolian processes [Ravi and D'Odorico, 2005; 

Okin et al., 2006; Li et al., 2007], determine the conditions favorable for the 

establishment and growth of vegetation, with consequent impacts on the structure and 
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function of these resource-limited ecosystems [Bhark and Small, 2003; D'Odorico et al., 

2007; Ravi et al., 2007]. Hence, information on the formation, structure and growth of 

these vegetation patterns and the analysis of their interactions with abiotic controls can 

improve our current understanding of important processes underlying the dynamics of 

arid and semi-arid ecosystems [Turner, 1989]. 

 

Figure 3.1 Ring patterns in arid regions: (a) Achnatherum splendens (Trin.) Neveski in 

Inner Mongolia, China (b) Carex spp. in Yosemite National Park, California, USA  (c) 

Bouteloua gracilis and (d) Muhlenbergia arenicola in Sevilleta Wildlife Refuge, New 

Mexico, USA. These rings are approximately 30-60 cm in diameter. 
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Ring patterns (Figure 3.1) of varying sizes are formed by clonally reproducing 

grasses, sedges and even shrubs growing in resource (i.e., water and/or nutrient) limited 

environments [Cosby, 1960; Lewis et al., 2001; Sheffer et al., 2007]. Even though grass 

ring patterns are observed worldwide [Watt, 1947; Cosby, 1960; Danin and Orshan, 

1995; Adachi et al., 1996; Wan and Sosebee, 2000; Lewis et al., 2001; Wikberg and 

Svensson, 2003; Bonanomi et al., 2005; Sheffer et al., 2007], a comprehensive 

understanding of the biotic and abiotic processes that lead to the formation, growth and 

breakup of these patterns is still missing. Several theories have been put forward to 

explain the formation of grass ring patterns such as those based on changes in plant 

growth architecture or developmental morphology [Danin and Orshan, 1995], negative 

soil-plant feedbacks [Bonanomi et al., 2005], the effect of soil borne pathogens [Packer 

and Clay, 2000] and external disturbances such as fires [Lewis et al., 2001]. Negative 

soil-plant feedbacks (i.e., the negative interactions between plant growth and soil 

resource distribution that locally inhibit vegetation growth), are examples of mechanisms 

contributing to plant-induced soil heterogeneity. The negative feedbacks invoked to 

explain grass ring patterns include mechanisms of resource depletion at the center of a 

grass clump caused by interspecific competition patterns [Bonanomi et al., 2005], 

changes in abiotic factors [Castellanos et al., 1994], release of allelopathic compounds by 

grasses [Gatsuk et al., 1980; Wikberg and Mucina, 2002] and litter accumulation in the 

center of a vegetation patch [Wan and Sosebee, 2000]. However few studies have 

addressed the negative plant-soil feedbacks resulting from the interaction between 

vegetation and hydrological-aeolian processes [Ravi et al., 2007]. Recent studies on 

spatial patterns of infiltration and soil properties in Chihuahuan Desert mesquite 
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shrublands [Ravi et al., 2007] indicated that differential rates of soil deposition and 

removal by aeolian processes result in differential rates of hydrological processes, such as 

infiltration and runoff, with important implications on the formation and expansion of 

coppice dunes [Ravi et al., 2007]. Even though several studies have investigated soil 

moisture and infiltration patterns in blue grama grasslands [Rauzi and Smith, 1973; Wood 

et al., 1986; Vinton and Burke, 1995; Hook and Burke, 2000; Pierson et al., 2002;], little 

is known about the spatial and temporal variability of infiltration inside a grass ring. In 

this paper we aim to describe a negative soil-plant feedback associated with grass ring 

patterns resulting from the three-way interaction among vegetation, hydrological and 

aeolian processes. Further, a simple theoretical model is developed to explain the role of 

abiotic factors such as soil erosion and sediment deposition in ring initiation and growth. 

To date, such feedbacks between vegetation and soil erosion processes have not been 

fully accounted for by existing models of pattern formation in dryland vegetation.   

 

2. Materials and methods 

The study site was a blue grama (Bouteloua gracilis) dominated grassland at the 

Sevilleta National Wildlife Refuge, located in the northern Chihuahuan Desert, near 

Socorro, New Mexico, USA (N 34o 23.961’, W 106o 55.710’).  Blue grama is a long-

lived, grazing-tolerant, native, perennial C4 bunchgrass characterized by a shallow 

fibrous root system [Bowman et al., 1985; Weaver, 1958]. Foliage height ranges from 15-

30 cm and root depth ranges from 1-2 meters. Soil nitrogen (N) and carbon (C) 

availability and soil moisture infiltration are greater beneath clumps of blue grama than 

under adjacent patches of soil (Vinton and Burke, 1995; Hook and Burke, 2000). In arid 
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regions, as seed propagation is limited, vegetative reproduction by way of tillers is 

common, subject to resource (moisture) and “bud bank” limitations [Hyder et al., 1971; 

Briske and Wilson, 1977; Dalgleish and Hartnett, 2006; Lauenroth et al., 1994]. The 

grass rings in the study sites were unevenly distributed with soil interspaces of 0.2 to 0.5 

m separating the rings. 

More than one hundred infiltration tests were performed inside and at the outer 

edges of a total of 40 grass rings and interspace soils at three selected sites (more than 

one kilometer apart) during dry periods of the year (April and July 2007). Infiltration 

rates were measured using a mini disk infiltrometer (Decagon Devices, Pullman, 

Washington), which measures the amount of water infiltrating into the soil in a given 

time interval. This infiltrometer, with an adjustable suction (0.5 to 7 cm), consists of a 

32.7 cm long water reservoir with a porous stainless steel disc (4.5 cm diameter and 3 

mm thick) at the base. The minidisk infiltrometer is ideal for measuring the variability of 

infiltration rates and hydraulic conductivity within a grass ring because of its small size 

and very small water requirement for its operation (135 ml). Infiltration was measured 

using a suction of 2 cm in the center and near the outer edges of a ring, and in the soil 

interspaces between plants. The infiltration data were used to calculate the saturated 

hydraulic conductivity (Ksat) of these dryland soils following the methods of Zhang 

(1997), which is ideal for dry soils [Zhang, 1997].  

Volumetric soil moisture was measured inside and outside the grass ring using a 

Hydrosense water content meter (Decagon Devices, INC, Pullman, USA). This 

instrument calculates volumetric soil moisture content using dielectric permittivity 

measurements of the soil around its probe rods (12 cm long), which can be directly 
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related to water content. Diameter and height of the rings (compared to interspaces) were 

also measured. Soil samples (top 5 cm) were collected from the center and outside edge 

of the ring and also from interspace soil between rings. 

Soil texture (percentage of sand, silt and clay) was determined using the standard 

hydrometer method [ASTM, 1981]. A dispersed soil sample (40g of oven dried soil) was 

mixed with water in a graduated glass cylinder (1000ml) and allowed to settle. A soil 

hydrometer (Fisher brand Specific Gravity Scale Soil Hydrometer) was calibrated to 

measure the specific gravity of the soil suspension. The size fractions were calculated 

based on the settling time of the suspended particles. The percentage by weight of sand, 

silt and clay in the solution was determined by taking hydrometer readings at 3 seconds 

and 2 hours after the onset of the sedimentation process. Subsamples of soils were 

analyzed for total organic Carbon (TOC) and total Nitrogen (TN). These subsamples 

were oven dried at 60oC in the laboratory, sieved to 2 mm and homogenized using a 

mortar and pestle. TOC and TN, expressed as percent by mass, were measured using an 

Elemental Analyzer (EA, Carlo Erba, NA1500, Italy) [Wang et al., 2007]. To investigate 

how differences in infiltration rates and particle size distribution change with the 

development of the grass rings, the results of all these measurements are reported 

separately for small (0.1 to 0.3 m), medium (0.4 to 0.6 m) and large (0.7 to 1.0 m) 

diameter rings. 

 Statistical tests (using SAS v. 9.1, SAS Institute Inc, Cary, NC) were used to 

determine if hydraulic conductivity, particle size distribution, soil moisture, TOC and 

nutrient contents differed between the inside and outer edges of grass rings. A 

Kolmogorov-Smirnov test [Jackson and Caldwell, 1993] was used to determine if soil 
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variables differed among ring size groups (e.g., large rings vs. small rings). Soil texture 

differences between inside and outside of small, medium and large rings were tested 

using single factor ANOVA. The significance level used for all statistical tests was 

α=0.05. 

 

3. Results 

The infiltrometer measurements showed that overall the infiltration rates were 

higher at the edges of the grass rings compared to interspace soils between the rings. This 

result was consistent irrespective of the size of the ring. The hydraulic conductivity 

(saturated) values were much lower in the soil interspaces (avg 0.0019 cm/sec) compared 

to outer edges of the rings (avg 0.006 cm/sec). However, the infiltration rates varied 

within the rings, with the center of the rings having lower infiltration rates compared to 

the outer edges (Figure 3.2). This heterogeneity in infiltration rates was stronger in 

medium sized rings compared to small and large rings. Infiltration rates inside and 

outside of large rings were comparable. Hydraulic conductivity values calculated from 

the infiltration data indicated that hydraulic conductivity was higher at the outer edges of 

the rings compared to the centers (Figure 3.3). The hydraulic conductivity values between 

the center and outer edges of the rings were significantly different (using KS test) in 

small (p-value = 0.006) and medium sized rings (p-value = 8.2 x 10 -5), but not in large 

rings (p-value = 0.14). In addition, soil moisture content was significantly higher in the 

outer edges of the rings compared to the center (Figure 3.4) for both medium and large 

sized rings in both April (p-value = 0.0091) and July (p-value = 5.83 x 10 -4).  
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Figure 3.2 Average infiltration rates at inner side and outer edges of the grass rings in 

three size classes:  Small rings (0.1 to 0.3 m), medium rings (0.4 to 0.6 m) and large rings 

(0.7 to 1.0 m). Error bars indicate the standard deviation of cumulative infiltration within 

each time interval. 
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Figure 3.3 Soil hydraulic conductivity (Ksat) at the center and outer edges of three ring 

classes. Error bars represent the standard deviation of hydraulic conductivity in each size 

class. The “ * ” indicates that the Ksat value at the center and at the outer edges are 

significantly different based on a Kolmogorov-Smirnov one sample test within each grass 

ring diameter class. 

 

The height of the grass ring center relative to the adjacent soil interspace between 

rings decreased as ring diameter increased (Figure 3.5). Particle size analysis showed that 

the difference in fines (silt and clay) between the center and at the outer edges increased 

with ring diameter between small and medium sized rings, whereas it decreased in large 

rings (ANOVA, F=61.48, df = (2, 13), p-value < 0.0001, Figure 3.6). The TOC and TN 

were significantly higher inside medium sized grass rings compared to the outer edges (p-
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value = 0.02 for TOC and  p-value = 0.0082 for TN, Figure 3.7), but not in large rings (p-

value = 0.930 for TC and  p-value = 0.999 for TN). 

 

Figure 3.4 Average difference in soil moisture (∆s) between inside and outer edges of 

medium and large ring size classes in April and July 2007. The error bar represents 

standard deviation of soil moisture differences within each ring diameter class. The “ * ” 

indicates that the difference in soil moisture (s) at the center and outer edges are 

significantly different for the medium and large rings based on a Kolmogorov-Smirnov 

one sample test. 
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Figure 3.5 Relationship between height (h) and diameter (d) of the grass rings. The error 

bars represent the standard deviation of height in each size class. 

  

Figure 3.6 Difference in fines (X) between inside and outside of grass rings in three ring 

diameter classes. The error bar represents the standard deviation of the differences in 

each size class. 
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Figure 3.7 Total carbon and nitrogen at the center and outer edges of the medium and 

large diameter rings. Error bars represent the standard deviation within each size class. 

The “*” indicates that total C and total N at the center and outer edges of medium sized 

rings are significantly different based on analysis of variance. 

 

4. Discussion 

Results from the infiltration experiments indicate that infiltration rates are higher 

at the outer edges of the grass rings compared to the center and bare interspaces (Figure 

3.2). The difference in infiltration rate between the center and outer edges was larger for 
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small and medium sized rings compared to large rings. The corresponding hydraulic 

conductivities calculated from the infiltration data showed a similar trend (Figure 3.3). 

This pattern is explained by the variations in the fraction of soil fines between the center 

and outer edges of the grass rings (Figure 3.6), as soil infiltration is directly related to soil 

texture [Wood et al., 1987; Bestelmeyer et al., 2006]. Consistent with previous studies 

[Wikberg and Mucina, 2002], nutrient content (total C and N) in the medium sized rings 

was higher at the center of the rings compared to the outer edges (Figure 3.7), indicating 

that nutrient resource depletion was not the reason for grass mortality at the center of the 

rings. Rather, our results indicate that moisture limitations may explain grass mortality at 

the center of the rings and soil moisture also may limit ring growth at the outer edges. 

How do the shape and function of grass rings change with time? We noticed that 

the heterogeneity in infiltration rates (and corresponding Ksat values), soil particle size 

distribution and nutrient content increased with ring growth, and then decreased after 

reaching a critical ring size (Figures 3.2 - 3.4, 3.6, and 3.7). Aeolian processes are 

responsible for depositing fines on to grass clumps [Hook and Burke, 2000], leading to 

the development of a relatively thick layer of fines inside the grass, which decreases the 

soil infiltration capacity (Figure 3.2). This canopy trapping, which is a function of 

vegetation structure [Raupach et al., 2001], increases with increasing ring diameter at the 

initial stages of ring development (i.e., for small to medium size rings) leading to 

accumulation of more fines inside the grass canopy, which further increases the 

heterogeneities between the inside and the outer edges of the rings. The deposited fines 

typically have high nutrient concentrations [Li et al., 2007], which explains the higher C 

and N content inside the rings (Figure 3.7). The accumulation of fines (Figure 3.5) results 
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in considerable changes in soil texture [Fearnehough et al., 1998; Ravi et al., 2007], 

which in turn affects soil moisture dynamics inside the grass rings. These processes result 

in a decrease in infiltration rates (and hydraulic conductivity) and subsequent increase in 

runoff rates from the center to the outer edges. This altered pattern in surface soil 

moisture distribution is correlated with patterns in plant growth, especially in the case of 

blue grama, in which most of the root biomass is generally distributed very close to the 

surface and more or less directly beneath the plant. In fact, studies on root distribution of 

blue grama have shown that about 80% of the root biomass is distributed in the top 5- 15 

cm of the soil [Weaver, 1958; Bowman et al., 1985]. The retention of available soil 

moisture at the soil surface by the fine-textured sediments deposited at the center of the 

rings combined with development of biological and physical crusts [Singer and 

Shainberg, 2004; Belnap et al., 2005; Collins et. al., 2008] limit water infiltration, 

thereby inhibiting grass development in the central part of the ring. The medium size 

rings exhibited the optimum clay content (10-20% clay) for the formation of physical 

crusts, as crust formation is inhibited at low (< 10%) and high (> 30%) clay contents 

[Singer and Shainberg, 2004].  

Grass mortality caused by aeolian deposits was reported as early as in the 1930s 

in shortgrass steppe ecosystems in the Great Plains (United States) where 2.5 cm of soil 

deposition from dust storms was observed to cause mortality of blue grama [Weaver and 

Albertson, 1936; Mueller, 1941]. In some cases, field observations have indicated that in 

years of high moisture availability, the growth patterns of the recovering grasses were 

strongly affected by these aeolian deposits [Robertson, 1939]. Similar processes are also 
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observed in desert shrubs [Fearnehough et al., 1998; Ravi et al., 2007] where aeolian 

deposits caused vegetation dieback at the center of revegetated dunes.  

Grasses use resources (i.e., soil moisture) from a larger area outside the ring, 

while due to the limited infiltration capacity the soils at the center of the rings remain 

relatively dry and unable to provide sufficient soil moisture for grass growth. As the ring 

grows in size the volume of soil accessible by grass roots inside the ring decreases as the 

access to soil resources outside the ring is cut-off by the growth of new tillers at the 

periphery [Wikberg and Svensson, 2003]. This causes a decrease in plant density and 

increased tiller mortality in the inner areas of the ring. However, as ring size increases 

and tiller density decreases in the center of the ring the canopy trapping efficiency of 

grasses decreases, leading to wind- and water-induced loss of fine sediments that 

accumulated in the center during the earlier stages of ring development (Figure 3.5). The 

loss of fines from the central area is enhanced by high runoff rates from the center to the 

outer edges of the ring, where water is able to infiltrate at a higher rate. This loss in fine 

sediment in the center of the ring is indicated by the decrease in ring height of the center 

relative to the adjacent interspaces, as the ring diameter increases (Figure 3.5), as well as 

by changes in the fine soil fractions with ring size (Figure 3.6).  The runoff from the 

center to the outer edges of the rings also supplies resources (water and nutrient-rich fine 

soil particles) to the edges. The edges of the rings receive resources also as aeolian 

deposits and runoff from bare interspaces between rings. Hence, the outer edges are 

preferential sites for the establishment and growth of new tillers as they have loose soil 

structure and higher moisture contents, both of which are ideal for the clonal growth of 

these grasses (Figure 3.8). In fact, low clay content and loose soil structure prevent crust 
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development, thereby favoring the emergence of new grass. Moreover, the vegetation 

growing at the outer edge of a ring can enhance soil infiltration capacity. These findings 

are supported by experiments on root development of ring forming grasses, which 

demonstrated with non-radioactive tracers [Bonanomi et al., 2005] that the active roots in 

these rings are found at the outer edges rather than inside the rings. Indeed, roots 

extending outside the rings were found to be functional while roots found inside the rings 

where almost all dead [Bonanomi et al., 2005].  

 

Figure 3.8 Conceptual diagram showing the interaction of hydrological and aeolian 

processes resulting in the formation and expansion of grass rings. The straight black 

arrows indicate hydrological processes (infiltration and runoff) and curved grey arrows 

indicate aeolian processes (deposition and erosion). 

 

5. A conceptual model of grass ring dynamics 

 The previous discussion suggests that to some extent the dynamics of ring 

formation and growth resemble those of banded vegetation on sloping terrain [Valentin et 

al., 1999]. In fact, in both cases vegetation growth is facilitated on one side of the band 

and inhibited on the other side. Moreover, one can argue that the formation of the barren 
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area at the center of a grass ring is due to limitation in the availability and access to soil 

water. We summarize the dynamics of grass ring development in four relatively distinct 

stages:  

i) Grass clump: at this stage an almost uniform clump of grass is surrounded by bare 

soil. The clump is a preferential microsite for the trapping and deposition of fine 

wind-borne soil particles. As a result, infiltration rates are lower in the middle 

than at the edges of the clump. Thus, optimal conditions for rainfall infiltration, 

soil water storage and grass growth are found at the outer edges of the clump.  

ii) Ring formation: As the clump radius, r, increases, the grass in the middle of the 

clump has reduced access to soil water resources at the edge of the clump. 

Eventually, tillers in the center of the clump die and the soil is exposed. This 

process, which leads to ring formation, can be mathematically demonstrated by 

showing that in the case of uniformly vegetated clumps grass biomass increases 

proportionally to clump area (i.e., proportionally to r2) while the resources 

available through the edges for the clump increase proportionally to the perimeter 

of the clump (i.e., to r). Thus, as r increases, grass biomass increases faster than 

the resources accumulate at the clump edge until carrying capacity is reached. At 

this point a further increase in r leads to an increase in the grass-covered area 

proportional to r instead of r2 because otherwise the increase in grass biomass 

would not be balanced by an equal increase in accessible resources. Thus, in the 

case of circular clumps a constant area, A (i.e., biomass) to circumference, C (i.e., 

accessible resources) ratio is achieved with a ring shape with constant ring width 
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where re and ri are the ring’s external and internal radius, respectively, and the 

approximation holds when re≈ ri. The previous equation shows that for the grass-

covered area, A, to grow proportionally to the circumference, C, the width of the 

ring, re-ri, must remain constant. 

iii) Early ring stage. A small to medium-size ring (see Section 2) is able to 

effectively trap and retain fine sediment particles (Figure 3.6), thereby 

maintaining low infiltration rates (Figures 3.2 - 3.3), and inhibiting grass growth 

in the barren soil at the center of the ring. Crust formation may further reduce the 

infiltration rates and enhance runoff generation in the middle of the ring. Runoff 

diverges from the center to the (lower elevation) outer edge of the ring, where 

infiltration occurs. In the absence of a slope the ring expands symmetrically in the 

direction of the outer edge of the ring, where favorable conditions exist for 

infiltration and soil water storage, and bud bank formation for future growth 

(Dalgleish and Hartnett, 2006). Due to the limitations in resource 

availability/accessibility expressed by equation (3.1), the ring expansion at the 

outer edge of the ring occurs at the expense of the tillers in the inner side of the 

ring, similar to the case of tiger-brush banded vegetation [Valentin et al., 1999]. 

iv) Late ring stage. As the ring grows in size its trapping efficiency decreases. The 

sediments in the middle are less effectively sheltered by the surrounding tillers, 

and the fine-textured bare soil accumulated inside the ring is eroded (Figure 3.5). 

Moreover the loss of fine sediments leads (Figure 3.6) to an increase in infiltration 

rates (Figures 3.2 - 3.3) in the bare soil enclosed by the ring. In these conditions 

two major processes determining the ecohydrologic functioning of grass rings are 
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either weakened or altered: a) grass growth at the inner edge of the ring is no 

longer inhibited by limitation in infiltration rates; and b) the effect of runoff 

concentration from the poorly drained soils in the middle to the outer edges of the 

rings disappears. As a result the ring becomes less resilient and drought or another 

type of disturbance may cause the grass ring to break apart. Ring fragments may 

then serve as nuclei for the formation of new rings, via steps 1 through 4. 

 

6. Conclusions 

Ring formation in blue grama is best explained by the differential deposition of 

wind borne fines on to the bunch grass, which changes soil texture inside the grass 

clump. Runoff contributes to redistribution of water and nutrients from the central areas 

of the ring, which are characterized by low infiltration rates and high nutrient content, to 

the outer edges. This explains the preferential establishment of new vegetative growth at 

the outer edges of the ring and low plant density and mortality of grass tillers in the 

central areas of the ring. After the ring reaches a certain critical size, the differences in 

properties between the inside and outside of the ring diminish and the advantage of ring 

formation is lost. At this critical size the ring breaks into separate parts and at least some 

of these ring fragments become independent plants, thereby contributing to the vegetative 

regeneration and complex dynamics in aridland plant communities [Lewis et al., 2001]. 
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CHAPTER: 4 

POST-FIRE RESOURCE REDISTRIBUTION IN DESERT GRASSLANDS: A 

POSSIBLE NEGATIVE FEEDBACK ON LAND DEGRADATION 

(This chapter is in review for publication in Ecosystems) 

 

Abstract 

The grasslands at desert margins, which are very sensitive to external drivers like 

climate change, are areas affected by rapid land degradation processes. In many regions 

of the world the common form of land degradation at the desert grasslands is the rapid 

conversion of vegetation from grasses to woody plants, or in other words, shrub 

encroachment. This process, thought to be irreversible and sustained by biophysical 

feedbacks of global desertification results in the formation of “islands of fertility” 

scattered among patches of grasses and nutrient-depleted bare soil. The emerging two-

phase landscape which exhibits a more heterogeneous distribution of soil resources is 

considered to be a sign of land degradation. Most of these shrub-grass transition systems 

at the desert margins are affected by disturbances such as fires which affect the 

interactions between ecological, hydrological and land surface processes. Here we show 

that prescribed fire can counteract the hetereogeneity-forming dynamics of land 

degradation associated with shrub encroachment by enhancing local-scale soil erodibility 

by aeolian and hydrological processes, potentially reversing the early stages of land 

degradation.  

 

 



 

 

49

1. Introduction 

 Drylands cover 41% of the earth’s surface and support over 2 billion inhabitants 

[MEA, 2005], mainly in the developing world. According to the United Nations 

Convention to Combat Desertification [UNCCD, 1994], 70% of the drylands globally are 

affected by land degradation, due to the combined effects of regional or global climate 

change and anthropogenic disturbances, such as overgrazing, changes in fire pressure, 

and land cultivation without adequate soil conservation [Archer et al., 1995; Nicholson, 

2000; Nicholson et al., 1998; Van Auken, 2000]. Land degradation is a major contributor 

to the expansion of desert margins [Nicholson et al., 1998; Reich, 2000], with important 

impacts both on regional climate [Dregne, 2002; Nicholson, 2000; Nicholson et al., 1998; 

Rosenfeld et al., 2001]  and on the loss of ecosystem functioning and services [Daily, 

1995; Hibbard et al., 2001]. This process often occurs in conjunction with the 

encroachment of shrubs in regions historically dominated by grasses as observed in North 

America [Archer, 1989; Buffington and Herbel, 1965; Van Auken, 2000], South America 

[Cabral et al., 2003], Africa [Roques et al., 2001] and Australia [Fensham et al., 2005] 

(Figure 4.1). Shrub encroachment typically involves an increase in bare soil, the removal 

of nutrient-rich soil by wind and water from unvegetated areas, and its partial 

redeposition in shrub-dominated soil patches through mechanisms of canopy trapping 

[Charley and West, 1975; Schlesinger et al., 1990].  These processes trigger a self-

sustained cycle of erosion, depletion of soil resources, and vegetation loss in grass-

dominated areas [Archer et al., 1995], while the encroachment of shrubs is favored by the 

deposition of nutrient-rich sediments transported by wind and water [Breshears et al., 

2003; Ravi et al., 2007], and the subsequent accumulation of fertile soils beneath the 



 

 

50

shrubs [Charley and West, 1975; Schlesinger et al., 1990]. At the same time, loss in grass 

fuel decreases the pressure of fires on shrub vegetation thereby further enhancing woody 

plant encroachment [Archer et al., 1995; Van Auken, 2000; van Langevelde et al., 2003]. 

The resulting landscape exhibits a mosaic of nutrient-depleted barren soil bordered by 

nutrient-enriched shrubby areas known as “islands of fertility” [Charley and West, 1975; 

Schlesinger et al., 1990]. Even though shrub encroachment is considered as a major 

contributor to the desertification of several regions around the world [Okin, 2002; 

Schlesinger et al., 1990] with important environmental and socio-economic implications 

[MEA, 2005; UNCCD, 1994], little is known about mechanisms that could counteract this 

process. 

 

Figure 4.1 Global map of woody plant encroachment. Map showing locations (blue 

points) where encroachment of woody plants has been reported. Colors: Red indicates 

fire, Yellow represents desert vegetation and orange represents areas where they overlap 

(see the Appendix B). 

 

 Is this land degradation process irreversible? Here we demonstrate that at the 

early stages of shrub encroachment fire can play an important role in the local-scale 

redistribution of soil resources within the landscape. This process generates a more 
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homogeneous distribution of soil resources, providing some form of reversibility to the 

dynamics of land degradation. The grasslands at desert margins are affected by fire 

occurrences, suggesting that a sufficient amount of grass biomass exists in these 

transitional zones to carry the fires from the points of ignition and through the 

surrounding vegetation (Figure 4.1). In these conditions fires short-circuit the processes 

that reinforce heterogeneity by activating the transport of nutrient-rich soil from islands 

of fertility to the adjacent bare soils. Using microtopography measurements, δ15N isotope 

tracers, and quantifying post fire erosion processes we show that in a landscape covered 

by a mixture of native grasses and invading shrubs fires change the spatial patterns of soil 

erosion, favoring the local scale redistribution of soil nutrients from the islands of fertility 

beneath the burned shrubs to the adjacent bare interspaces.  

 

2. Materials and methods 

The global map of woody plant encroachment (Figure 4.1) was prepared using 

MODIS land cover product (desert vegetation), Terra MODIS fire data (global annual 

burned area estimates [Giglio et al., 2006]) and locations where woody plant 

encroachment has been studied in the past. The desert vegetation map was derived from 

the MODIS land cover product. The fire data was taken from the global annual burned 

area estimates from Giglio et al., 2006, using Terra MODIS fire data and ancillary 

vegetation cover information. The woody plant encroachment locations were collected 

from around two hundred published studies on woody plant encroachment around the 

world. (See Appendix B for more details). 
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The field experiments were conducted at the Sevilleta National Wildlife Refuge 

(New Mexico, USA) in the northern Chihuahuan Desert, in a transition zone where 

creosote bush is now invading black grama dominated grassland (N 34o 20 17.0’, W 106o 

43 3.0‘). The field sites were in a heterogeneous landscape with a mosaic of grass 

(Bouteloua eriopoda, Sporobolis spp.) and shrub (Larrea tridentata and Gutierrerzia spp) 

cover with bare interspaces. The grass cover was minimal at the shrub base but provided 

enough connectivity among shrubs to allow for the spread of fires in the presence of 

strong winds. The soil is a sandy loam.  

Three treatments (cleared, burned, and unmanipulated control plots), with three 

replicates each were used for this study. The plots were circular (6 meters in diameter) 

and laid out in such a way that each plot captured the heterogeneous nature of this 

landscape, with at least 2-3 shrub patches in each plot. Each set of replicated plots was 

more than 50 m from the others, while treatments within a replicated set were 

approximately 20 m apart. In the cleared plots, shrubs and grasses were cut close to the 

soil surface and removed without disturbing the soil surface using a system of platforms 

to walk over the plots. For the second treatment, prescribed burns were done, which were 

confined inside the circular plots. During the burns, soil surface temperature around the 

shrub and grass patches were measured.  

In the cleared plots, shrubs and grasses were cut close to the soil surface and 

removed without disturbing the soil surface using a system of platforms to walk over the 

plots. For the second treatment, prescribed burns were done, which were confined inside 

the circular plots. The wind speeds measured over burned and cleared plots were not 

significantly different from a 1:1 dependence (R2=0.83). However, the relation between 



 

 

53

wind speed on the cleared and control plots deviated significantly from a 1:1 dependence 

(R2=0.52), due to the different surface roughness.   

In each plot wind-blown sediments were collected using dust samplers (BSNE 

isokinetic dust samplers by Custom Products, TX, USA installed at 5 cm and 30 cm from 

the surface). The saltation activity (i.e., soil movement close to the surface) was 

measured using SENSIT wind eroding mass sensors (SENSIT Company, ND, USA) 

buried in the ground and with the sensitive part of the sensor at a height of 2 cm from the 

soil surface. Wind velocity was measured with an array of cup anemometers installed at 

four heights (0.2 m, 0.6 m, 1.2 m & 2 m). Both wind speed and saltation activity were 

monitored in each plot for a continuous 10-day period after the manipulation. Statistical 

tests (ANOVA) were done to show that the amount of samples collected from the 

different treatments were significantly different.   

Locations were established in each plot to measure with a soil bridge, the small 

scale changes (microtopography) in soil elevation over time [White and Loftin, 2000]. 

The soil erosion bridges used in the study were 1.5 m long with 31 measuring points, and 

were oriented from the center of a shrub towards adjacent grass patches and bare 

interspaces. Soil microtopography measurements were conducted in all plots both one 

month and four months after the experimental manipulation. To estimate the elevation 

loss from the shrub islands, only the microtopography measurements near the shrub 

islands were considered.  

To trace the post-disturbance redistribution of soil nutrients, a 15N tracing 

experiment was conducted [Wang et al., 2006]. Labeled ammonium nitrate (NH4
15NO3, 

~200‰) mixed with 500 ml water was uniformly applied within 10 cm of the shrub base 
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beneath two randomly selected shrubs in each plot. In the burned plots the tracer was 

applied two days before the prescribed burn to provide insight into the processes 

occurring during and following the burn. Two weeks after the application, 2-cm deep 

surface soil samples were collected from shrub islands, within 10 cm of the shrub base, 

and bare interspaces, more than 100 cm from shrub base. In each plot, soil samples were 

collected from under the two labeled 15N shrubs and three adjacent bare interspaces. 

Samples of the new grass growth in the interspaces were collected from each plot two 

weeks after the fire. Leaf and soil samples were dried at 60º C for 72 hours and then 

ground and homogenized using a mortar and pestle. Stable nitrogen (15N) isotope analysis 

was performed using a Micromass Optima Isotope Ratio Mass Spectrometer (IRMS) 

(GV/Micromass, Manchester, UK) coupled to an NA1500 elemental analyzer (EA) 

(Carlo Erba, Italy). The   15N compositions are reported in the conventional form (‰): 

δ15N (‰) = [(15N/ 14Nsample / 15N/ 14Nstandard ) – 1 ] x 1000                                (4.1) 

where (15N/ 14N)sample and (15N/ 14N) standard are the respective isotope compositions of a 

sample and  the standard material. Reproducibility of these measurements is 

approximately 0.2‰.  The interspace foliar δ15N differences between burned, cleared and 

control plot were tested using one-way ANOVA and mean separations were calculated by 

a Tukey post hoc test at α = 0.05 using SAS (SAS v. 9.1, SAS Institute Inc, Cary, NC).  

To quantitatively assess the 15N source for the grasses growing in the interspaces, a 

mixing ratio calculation was performed using the initial shrub mound tracer level (the 

δ15N value just after the 15N application) and the initial concentration of 15N in the 

interspaces as two end members.  The calculation is as follows, δ15Ngrass = δ15Nshrub mound x 

fshrub mound + δ15Nintersapce x finterspace, where δ15Ngrass is the δ15N value of new-growth grasses 
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at the interspace microsites, δ15Nshrub mound and δ15Nintersapce are the two end-member 

values. The fshrub mound and fintersapce, which must sum to one, are relative contributions of 

two end members to δ15N in the grass. The plant nitrate uptake fractionation factors 

depend on species and location and 3‰ were used in the calculation [Yoneyama et al., 

2001]. The differences in soil δ15N difference between 15N labeled shrub mounds and 

interspaces for the three treatments (burned, cleared and control) were also compared 

using one-way ANOVA and Tukey post hoc test at α = 0.05. 

To investigate the effects of fire on soil properties such as hydrophobicity and 

infiltration capacity, an additional (~25 m2) area was burned in the surroundings of the 

replicated treatment plots. In this burned area water repellency was quantified in terms of 

Water Drop Penetration Time [Doerr, 1998] (WDPT is the average time required for the 

drops to penetrate into the soil surface). To this end, a pipette was used to place 

uniformly sized water drops on the soil surface. The WDPT was measured in the shrub 

patches (30 cm around the shrub base), grass patches and bare interspaces in the burned, 

cleared and control areas. The fire temperatures were measured using temperature 

sensitive colors spread on ceramic tiles left in the plot during the control burn. Infiltration 

rates were determined using a mini disk infiltrometer (Decagon, Pullman, USA), which 

can be used to calculate the saturated hydraulic conductivity of the soil (Ksat). These 

measurements were compared to corresponding measurements in the adjacent control 

areas. 
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3. Results 

Our field experiments at the shrub-grass transition zone of Northern Chihuahuan 

desert margin (New Mexico, USA) indicate that fires result in enhanced redistribution of 

soil resources (e.g. nitrogen) from the shrub islands (“Islands of fertility”) to the 

interspaces, where they contribute to the post fire establishment and growth of grasses. 

The microtopographic measurements of small scale changes in soil elevation with time 

showed a post-fire decrease in soil surface height near the shrub islands and an increase 

in soil surface height in the bare interspaces (Figure 4.2a). This rapid microtopographic 

change was observed even just two weeks after the burn and continued in the following 

weeks. Further, comparing microtopography measurements from burned areas, areas 

cleared of the aboveground vegetation and undisturbed control areas, we found that the 

overall changes in soil surface height were stronger in the burned areas than in the 

cleared and control areas of this replicated field experiment. In fact, the soil loss from 

shrub islands in the burned areas (8.25 mm) was 5 times higher than in the cleared areas 

(1.63 mm), while in the control areas the microtopographic changes were negligible 

(Figure 4.2b). Moreover, changes in soil surface elevation near the shrub islands were 

significantly different from those in cleared and control plots (p = 0.01).  In fact, one of 

the control plots showed an increase in the elevation near the shrub micro-sites over time, 

indicating soil accumulation by canopy trapping. Further, the 15N tracer study also 

indicated a post-fire redistribution of soil resources. The signature of 15N initially applied 

on shrub islands was detected in new grass growth collected two weeks after the fire up 

to 150 cm away from the pre-burn island of fertility (Figure 4.3a). The redistribution of 

15N was also observed in the cleared areas, but redistribution rates were higher in the 
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burned areas, as indicated by the more elevated interspace grass foliar δ15N values in the 

burned areas compared to cleared and control areas( p<0.05) .  

 

Figure 4.2 Changes in soil microtopography (a) Redistribution of soil resources from 

around the shrub islands to bare interspaces with time following the fire as measured by 

repeat measurements with a soil microtopography bridge in one replicate of the burned 

treatment. (b) Average elevation loss around the shrub islands following fire in all 

treatments when only the microtopography measurements near the shrub islands were 

considered.  Error bars represent the standard deviation of elevation loss between all the 

replicates of each treatment. 
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Mixing ratio calculations show that 45%, 19% and 1% of the grass foliar 15N 

came from the 15N-labeled shrub mounds for the grass in burned, cleared, and control 

areas respectively. The post-fire redistribution of soil resources is further evidenced by 

the observed decrease in differences in soil δ15N between 15N-labeled shrub mounds and 

interspaces. Two weeks after the fire these differences were found to be significantly 

lower (p<0.05) in the burned areas, while in the cleared and control areas these 

differences were not significant (Figure 4.3b).  
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Figure 4.3 The 15N isotope tracer experiment. (a) The interspace grass foliar δ15N values 

from burned, cleared and control plot and  (b) the soil δ15N difference between 15N 

labeled shrub mounds and grasses growing in shrub interspaces for the three treatments 

(burned, cleared and control). The results are from one-way ANOVA and Tukey post hoc 

test at α = 0.05. The same capital letters indicate the same mean values. 
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The enhancement of resource redistribution in the burned areas can only be 

attributed to an increase in the rates of post fire soil erodibility by wind and water, as the 

burned and cleared plots had comparable surface roughness and experienced the same 

wind shear. Two weeks after the burn the sediment samplers in all the burned areas 

collected significantly more wind-blown sediments (p<0.05) than on the other two 

treatments (Figure 4.4a). Even though the overall dust collection in all plots decreased in 

the following weeks, the samplers collected significantly more sediments (p<0.05) in the 

burn plots even three months after the fire (Figure 4.4b).  

The records from particle impact sensors indicate that the frequency and intensity 

of saltation (indicator of soil movement at the surface) were higher in the burned areas 

than in the cleared and control areas. The number of erosion events (number of 5 minute 

data collection intervals with soil particle movement at the surface) in the burned areas 

(234 events per month) were three times more compared to the cleared plots (79 events 

per month). These results clearly show that in the burned areas, saltation events are more 

frequent, indicating the occurrence of a post-fire enhancement in soil erodibility in the 

burned plots compared to the cleared and control areas.  

Fire induced water repellency was observed in the burned areas (Figure 4.5), and 

the impact of fire on soil properties differed among shrub, grass and bare soil microsites 

(Figure 4.6a). Fire temperatures were higher beneath the shrubs (average temperature 260 

°C) compared to grass patches (average temperature 120 °C) and bare interspaces (< 900 

C), whereas no difference in temperature was detected at 3-5 cm depth regardless of the 

above ground vegetation.  
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Figure 4.4 Enhancement of post fire aeolian processes. Amount of dust collected by the 

BSNE dust samplers (at 5 cm and 30 cm height) (a) two weeks and (b) four months after 

the fire. Error bars represent the standard deviation of dust collected in three replicates of 

each treatment. 
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Measurements of Water Drop Penetration Time (WDPT; i.e., the time needed for 

a water drop to penetrate the soil [Ravi et al., 2006a; Ravi, 2007]) along a transect from a 

burned area to a control (unburned) area indicated that the fire-induced soil water 

repellency was higher within the burned shrub islands (WDPT Avg ~ 120 sec and Max ~ 

270 sec) compared to burned grass patches (WDPT  Avg ~ 7 sec & Max ~11 sec), 

whereas no soil water repellency was observed in the bare interspaces (WDPT ~ 0 sec). 

 

Figure 4.5 Post-fire water repellency around a burned creosote bush in the Sevilleta 

National Wildlife Refuge, NM. (The scale on the right hand side is in centimeters) 

 

The decrease in infiltration rates beneath and around burned shrubs compared to 

unburned shrubs indicate that fire induced water repellency resulted in the altered 

hydrological response of the surface soil (Figure 4.6b).The infiltration rates in the shrub 

islands were higher than in the bare interspaces before the fire. However, following the 

prescribed burn, the infiltration rates around the shrub islands and the bare interspaces 

were comparable. The corresponding hydraulic conductivity values (Ksat) were 
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significantly lower (p<0.05) under the burned shrubs (0.0011 cm/s) when compared to 

unburned shrubs (0.128 cm/s). 
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Figure 4.6 Fire induced water repellency and infiltration (a) Soil water repellency 

(quantified using WDPT) along a transect from burned area to control (unburned) area. 

The error bars represent the 80th percentile and 20th percentile values of WDPT (b) 

Infiltration rates (measured using a Mini disk infiltrometer) in the shrub patches and grass 

patches before and after the prescribed burns. The infiltration rates in the bare interspaces 

were unaffected by the fire. The error bars represent the standard deviation of replicates 

of infiltration in each class. 
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Differences in hydraulic conductivity values and infiltration rates were negligible 

between burned and unburned grass patches as well as in the bare interspaces. The post-

fire decrease in infiltration rates combined with the higher soil elevation of the fertility 

islands resulted in increased runoff from these soil mounds to the interspaces, and in the 

enhancement of sediment redistribution by water erosion. Further, field measurements 

one month after the prescribed fire showed no traces of water repellency in the burned 

plots, which indicate that the fire induced water repellency in theses systems are short-

lived. 

 

4. Discussion  

Overall, the enhancement of soil erosion in the fertile islands remobilized 

nutrient-rich sediments that were trapped in the sheltered area beneath the shrub canopy. 

This sediment was redistributed by wind and water; the 15N tracer indicated that the 

interspaces receive a significant amount of nutrients, including nitrogen, from the nearby 

fertile islands, and that some of these nutrients are taken up by grasses (Figure 4.3a), 

which recovered quickly after a burn. Recent studies have shown that post fire 

enhancement of soil erosion can be induced by the increase in soil hydrophobicity caused 

by the burning vegetation [Doerr et al., 2000]. Fire temperatures were highly 

heterogeneous, with higher surface soil temperature beneath the shrubs (average 

temperature 260 °C) than in grass patches (average temperature 120 °C) and bare 

interspaces (< 900 C), whereas no difference in temperature was detected at 3-5 cm depth 

regardless of the above ground vegetation. The higher contents of hydrophobic 

compounds and the higher fire temperatures of shrub vegetation led to the development 
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of stronger post fire soil-water repellency in and around shrub patches. Here we explain 

the post fire enhancement in wind and water erosion as an effect of fire induced water 

repellency. Soil erodibility was found to significantly increase in the microsites affected 

by the burning of shrub biomass. These microsites were also the areas, which developed a 

higher soil water repellency, presumably due to the higher fire temperatures and the more 

hydrophobic compounds released by the burning of shrub vegetation. Thus, by altering 

soil surface physical and chemical properties for a short period, fires can counteract the 

hetereogeneity-forming dynamics of land degradation associated with shrub 

encroachment. Further, our experimental findings indicate that the post fire resource 

homogenization in these degraded landscapes is a rapid process occurring in the time 

frame of weeks. Due to this effect of fires, “islands of fertility” can be dynamic rather 

than static features of these landscapes. 

In this study we compared processes occurring in burned and vegetation denuded 

areas (i.e., areas with similar roughness and experiencing same wind shear) to show that 

the post fire enhancement of soil erodibility in the fertility islands is not a mere result of 

the higher topography of the shrub mound. We also avoided confounding factors, such as 

the activity of small mammals and fire effect on microbial crusts, which could affect the 

stability of the surface soil in these landscapes. In our field sites we eliminated the effects 

of small mammals by selecting undisturbed study sites where no detectable signs of small 

mammal activity was observed. Further, the effect of fires on microbial crusts cannot 

have enhanced soil erodibility beneath the shrubs, as the microbial crusts were observed 

only in the bare interspaces and not directly under the shrub patches, consistently with the 

findings from other arid systems [Schlesinger and Pilmanis, 1998]. 
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5. Conclusions 

 Our findings demonstrate the potentially important role of fire as a management 

strategy to reverse the early stages of land degradation associated with the encroachment 

of woody plants in arid and semi arid ecosystems. It is expected that the consequent 

enhancement of ecosystem functioning and services at the desert margins may contribute 

to counteract or limit desert expansion.  
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CHAPTER: 5 

ENHANCEMENT OF WIND EROSION BY FIRE-INDUCED  

WATER REPELLENCY 

(This chapter is published in Water Resources Research) 
 

Abstract  

The occurrence of fire and the subsequent increase in wind erosion are known to affect 

vegetation dynamics in dryland landscapes. Fires act as a disturbance on shrubs and trees 

and expose the soil surface to the erosive action of wind, thereby affecting the loss and 

redistribution of soil nutrients.  Despite the relevance of wind erosion and fires to the 

dynamics of arid ecosystems, the interactions between these two processes remain poorly 

understood. We have investigated how a representative water repellant organic 

compound released by burning biomass and absorbed in the soil may enhance soil 

erodibility. To this end, we carried out a series of wind tunnel experiments, laboratory 

tests, and theoretical analyses to assess the effect of fire-induced water repellency on the 

soil susceptibility to wind erosion. The experiments were carried out using clean, well-

sorted sand which was artificially coated with palmitic acid, a common water repellency 

inducing fatty acid found in most plants. The results indicate that fire-induced water 

repellency enhances soil erodibility, causing a drop in wind erosion threshold velocity. 

The results are explained by the effect of water repellent compounds on soil-water 

contact angle and on the strength of interparticle wet-bonding forces. 
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1. Introduction 

 The occurrence of fire and the subsequent increase in wind  

erosion are known to affect the composition and structure of vegetation in dryland 

landscapes. Fires contribute to determine the dominance or co-dominance of woody 

plants (trees and shrubs) and grasses in arid and semiarid ecosystems [e.g., Scholes and 

Archer, 1997; Higgins et al., 2000; Van Langevelde et al., 2003; Sankaran et al, 2004]. 

Vegetation, in turn, affects the fire regime, in that both fire intensity and frequency 

depend on the relative abundance of trees and grasses [e.g., Anderies et al., 2002; van 

Wilgen et al., 2003]. Fire suppression and overgrazing have been conjectured to be able 

to trigger a sequence of processes – known as “bush encroachment” -leading to the 

conversion of desert grasslands into shrublands [e.g., Archer et al., 1988; Archer, 1989; 

Van Auken, 2000]. Bush encroachment is often associated with the formation of 

vegetation patterns characterized by patches of woody vegetation separated by bare 

ground. The emergence of this two-phase landscape [e.g., Schlesinger et al., 1990] may 

result from the positive feedback inherent to the removal of nutrient-rich soil from the 

intercanopy areas, to its deposition onto vegetated patches, and to the consequent 

formation of “islands of fertility” [Schlesinger et al., 1990]. Wind erosion is often 

invoked as a major factor causing soil removal from intercanopy areas and deposition in 

shrub patches [Okin and Gillette, 2001]. Thus, by exposing the soil surface to the erosive 

action of winds [Zobeck et al., 1989; Okin and Gillette, 2001], disturbances - such as 

fires, grazing, and climate fluctuations - act as initiators of grassland-to-shrubland 

conversions, while wind erosion maintains and enhances these local heterogeneities in 
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nutrient and vegetation distribution [Schlesinger et al., 1990; Schlesinger and 

Gramenopoulos, 1996].  

Despite the relevance of wind erosion and fires to the dynamics of arid and 

semiarid ecosystems, the interactions between these two processes remain poorly 

understood. Recent experimental evidence [Whicker et al., 2002] suggests that fires 

enhance soil susceptibility to wind erosion: the erodibility of burned and adjacent bare 

unburned soil plots was found to be significantly different in the desert shrublands of the 

American Southwest. The burned sites were observed to exhibit lower threshold 

velocities for wind erosion and higher volumes of soil loss. This finding remains partly 

unexplained, in that it is unclear why adjacent sites, with similar surface roughness and 

exposure to winds, should have differing susceptibility to wind erosion. Here we show 

that, by affecting the strength of interparticle wet-bonding forces, fire-induced water 

repellency enhances soil erodibility, causing a drop in wind erosion threshold velocity 

(the minimum velocity for erosion to occur). Thus, the mechanisms causing the 

enhancement of post-fire soil erodibility are associated with post-fire soil hydrophobicity.  

Fires are known for having a major impact on infiltration, runoff and water 

erosion [e.g., DeBano, 2000]. The post-fire increase in runoff and soil erosion is caused 

by the decrease in infiltration capacity resulting from fire-induced water repellency 

[Krammes and DeBano, 1965; DeBano, 1966]. Organic compounds of chaparral and 

other vegetation types are volatilized by the fire and transported into the soil by the 

strong temperature gradients existing through the soil profile. The condensation of these 

vapours develops a hydrophopic coating of fatty acids around the soil particles [e.g., 

DeBano, 2000]. This effect depends on the fire regime, in particular on fire temperature 
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[e.g., DeBano, 2000; Doerr et al., 2000]. The fatty acids affect the physical-chemical 

properties of the grain surfaces: in particular, they increase the contact angle formed by 

the air-water interface with the soil grains. When this angle exceeds 90o, the capillary 

pressure becomes positive [e.g., Letey, 2001] preventing the adsorption of moisture onto 

the soil grains. Further, in the case of porous materials like soil grains some other effects 

exist which are associated with the roughness of the soil surface and the existence of air-

filled pore spaces and air-water interfaces beneath water droplets reaching the soil surface 

(e.g., rainfall). These effects result in enhanced repellency of the soil, referred to as super 

repellency [McHale et.al. 2005] and further limit the infiltration of rainfall or dew.  

While the effect of post-fire water repellency on runoff and water erosion is 

relatively well-understood [e.g., Doerr et al., 2000] its impact on wind erosion has never 

been assessed before. This is quite surprising, in that soil stabilization treatments with 

polysaccharides have been extensively studied in the recent past [e.g., Saleh and Letey, 

1989; Ben-Hur and Letey, 1989; El-Morsy et al., 1991], while the enhancement of 

erodibility due to the release fatty acids from burning biomass has remained unexplored. 

In this paper we test through a number of wind tunnel experiments the hypothesis that 

fire-induced water repellency indeed increases soil susceptibility to wind erosion.  

 

2. Materials and methods 

 

2.1. Soil Type and treatments 

Three treatments of clean, well-sorted sand from the Ottawa, Illinois facility of US Silica 

(ASTM 20/30 Unground Silica) were used for this study. Ottawa sand is used in many 

experimental situations because its grains are uniform in size and with small surface area 
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(0.007m2/g, e.g. Lee, 1999), are spherically shaped and hence they can be modeled as 

uniformly sized spheres. This sand has 97% of grain sizes between 0.85 and 0.60 mm. 

Further, the water repellency formed as a result of fires is known to be more severe in 

coarse-textured sandy soils because of their smaller specific surface area compared to 

fine-textured soils.  

 The compound used for the treatment, Hexadecanoic acid (Common name: 

Palmitic acid), is a common fatty acid found in most plants. Palmitic acid (CH3 (CH2)14 ) 

is also able to cause water repellency in soils after heating by fire [Letey, et al, 1975; 

Ma'shum, et al, 1988; Morley, 2005]. Different concentrations of Hexadecanoic acid 

(HAD) were applied to sands to represent varying intensities of soil heating. To identify 

the appropriate treatments for this study, small samples (20g) were initially treated with 

different concentrations of HAD. Concentrations of 0.01% and 0.1% of HAD were found 

to be adequate for our purposes, as treatments with higher concentrations (i.e., > 0.1%) 

were causing the presence of clods and aggregates preventing the sand from being 

uniformly treated and well-mixed. Further, at higher concentrations (i.e., >1%) fatty acids 

were observed to coat the walls of the container used for treating the soil samples. Three 

concentrations of HAD were thus selected: 0.1% HAD (treatment #1), 0.01% HAD 

(treatment #2), and the control (i.e. untreated Ottawa sand). In each treatment, 45 kg of 

Ottawa sand was used.  

The treated soils were prepared as follows:  2000g of Ottawa sand was placed in a 

heat resistant plastic container (0.25 m diameter, 0.1m height) and heated for 10-15 

minutes in a high power microwave. Powdered HAD (96%) was added to the sand (2 g of 

fatty acid in 2000 g of sand for the 0.1% treatment and 0.2 g in 2000 g of sand for the 
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0.01% treatment), the container was closed and the contents were mixed thoroughly by 

shaking the container. The heating process was continued with mixing in between (by 

shaking the closed container) every 3-4 minutes. The heating and mixing processes were 

continued until the compound melted completely and mixed uniformly with the sand 

without forming aggregates. The sample was removed from the microwave and the 

mixing was continued until the sample reached room temperature. The same procedure 

was repeated several times until 45 kg were treated. The treated sands were stored (at 

ambient laboratory conditions) in a container and the contents were mixed thoroughly to 

ensure a uniform lot. 

2.2. Contact angle and hydrophobicity measurements 

The HAD (96%) crystals were melted in a small beaker. The end of a thin glass slide was 

dipped into this melted compound to obtain a uniform coating on the slide surface. The 

slide was taken out and the thin film coating of the melted compound was allowed to 

crystallize. Using this slide the contact angle between water droplets and the fatty acid 

coating was measured using a contact area measuring instrument (Cahn Dynamic Contact 

Angle Analyzer DCA-315). The average contact angle was found to be approximately 

equal to 90o (average 89.4o and standard deviation of 0.27)   which indicates a water 

repellent surface.  

The water drop penetration method was adopted to quantify the water repellency 

produced in the treated sands. The samples of each treatment were taken in a plastic cup 

(5 cm diameter and 5 cm deep). Using a pipette a drop of water was placed carefully on 

the surface of the soil. The time required for the drop to penetrate the surface was noted 
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down.  The water drop penetration time (WDPT) for a sample was taken as the mean 

WDPT for 10 droplets. 

2.3. Wind tunnel tests 

The non-recirculating wind tunnel (Figure 5.1) used for this study (USDA-ARS Wind 

Erosion and Water Conservation Research Unit in Lubbock, Texas) is 10.0 m long, 0.5 m 

wide, and 1.0 m high; the test section has Plexiglas windows and is equipped with 

removable metal trays (1.5 cm x 46.0 cm x 100.0 cm). A fan at the end of the tunnel, 

powered by an electrical motor, generates the air stream by drawing air through the 

working section of the tunnel [e.g., Orozco, 2000].  

 

Figure 5.1 Schematic representation of the wind tunnel  

 



 

 

73

The wind velocity was measured using a SCANIVALVE pressure transducer 

connected with a Pitot tube installed upwind from the soil tray at a height of 60 cm above 

the bottom surface of the tunnel.  The bottom of the tunnel was covered with a sand paper 

lining with the same roughness as the soil surface in the tray. The wind profile was 

measured using six Pitot tubes at different heights in the tunnel connected to different 

ports of the SCANIVALVE pressure transducer. These velocity values were used to 

calculate the parameters of the wind profile (roughness height = 0.0012 m, calculated by 

fitting the Prandtl-von Karman logarithmic law to the wind profile data) and to express 

the wind speed in terms of shear velocity (u*).  Saltation was measured using a SENSIT 

impact sensor [e.g., Stout and Zobeck, 1997] mounted in the wind tunnel with the 

sensitive part at a height of 2 cm from the surface and 45 cm downwind from the soil 

tray. Air temperature and relative humidity were recorded by a probe (Vaisala, Inc. 

Humitter 50U) placed 2 mm above the soil surface and did not significantly change in the 

course of single experiments. Soil temperature was measured using an infrared 

thermometer (Exergen Corp. IRT/C.2 with Type K Germanium lens) mounted 90 cm 

above the soil surface. A handheld relative humidity/temperature probe (Testo, Inc. 

Model 610) was also used to determine ambient room temperature and relative humidity. 

The climatic parameters like atmospheric humidity and temperature were not controlled for 

these wind tunnel experiments. The air in Lubbock is generally dry and the stronger 

variability is due to the diurnal cycle more than to seasonal fluctuations.  In order to cover a 

fairly broad range of relative humidity., the experiments were repeated on different days 

with different ambient conditions.  
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Three treatments of Ottawa sand (US Silica) were used for this wind tunnel study: 

0.1% and 0.01% treatment with HAD and the no-HAD control. Each wind tunnel test 

consisted of three replicates of each treatment. The sands were kept on trays and allowed 

to equilibrate with the ambient atmospheric humidity for 8-12 hours before each wind 

tunnel test. The sands were not artificially wetted or dried and the wind tunnel tests were 

done at a range of atmospheric humidities (10 – 90 %). Hence for all these experiments, 

the only source of surface soil moisture was from the atmospheric humidity. Before each 

wind tunnel test the Pitot tube and its transducer were calibrated and corrections were 

made for changes in atmospheric temperature. The trays were then placed in the wind 

tunnel and the motor was activated. The air flow was initially increased stepwise to attain 

a wind speed just below the threshold value and then increased slowly until the particle 

impact sensor indicated particle movement. The threshold velocity was determined as the 

velocity at which an abrupt increase from zero to more than 100 particle impacts per 

second was observed. Statistical analysis (ANOVA) were done to show that the threshold 

velocity values were significantly different for the control and the treated soils. 

 2.5 Estimating the moisture content of the water repellent soils 

The water repellency in the treatments was induced by mixing the Ottawa sand 

with HAD at the required concentrations as described in section 2.1. Soil from the top 2 

mm was sampled from the controls and the treated soil trays after the each wind tunnel 

test, and the soil moisture from each sample was measured gravimetrically. In our 

previous studies done under same range of ambient conditions (10-90 % RH) it was 

shown that the wind tunnel experiments were not affected by soil drying during the tests 

[Ravi et al, 2004, Ravi et al, 2006b]. The melting point of HAD is approximately 63° C; 
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thus, the standard procedure to calculate gravimetric soil moisture by oven drying cannot 

be followed because a considerable amount of organics would be lost along with the soil 

moisture in the course of the drying process. To account for this loss of organics during 

oven drying and to accurately measure the moisture content of these treated soils, the 

palmitic acid concentrations (from total carbon content) of each treatment and of the 

control were measured before and after oven-drying using a CN analyzer (Carlo Erba 

Elemental Analyzer NA1500). The soil treated with 0.01% concentration of organics was 

found to be extremely heterogeneous, i.e., with a non-uniform coating of the sand grains 

with HAD. Hence the carbon and moisture content (not shown) were found to be 

extremely heterogeneous in the 0.01% treated sand. Statistical analyses (ANOVA) were 

done to test the significance of the variations in surface soil moisture between the control 

and the treated soils for the four classes of relative humidity considered in this study. 

2.6 Water retention curves  

The moisture retention curves (Figure 5.2) for the control and treatments were 

determined by measuring the water potential values (using a water activity meter, 

DECAGON AquaLab Series 3T) and moisture content (gravimetrically, with adjustment 

to account for the loss of organics during oven drying). The water activity meter used in 

this study can determine soil matric potentials above –300 MPa with an accuracy of +/- 

0.003 water activity units [Gee et al., 1992]. Water activity readings, aw, were converted 

into matric potential values as )ln( wm a
M
RT

=ψ , where mψ  is the matric potential, R is the 

gas constant, M is the molecular mass of water and T is the Kelvin temperature. 
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Figure 5.2 Water retention curves for the control and the repellent soil (0.1%) used in 

this study. s represents gravimetric soil moisture and |ψ| is the absolute value of matric 

potential.  

 

3. Results  

3.1 Water Drop Penetration Time  

The repellent soils made in the laboratory were tested for the extent of water repellency 

induced by the organic coatings using the water drop penetration method. This analysis 

showed that the organic coatings on the soils grains were able to induce water repellency 

in both the HAD treated sands.  The control sand was perfectly wettable, with water 

drops penetrating the soil surface instantly. The repellent soil treatments were not easily 

wettable: the water drop penetration time (WDPT) for the samples treated with 0.01% of 
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palmitic acid ranged between 5-6 hours, while for soil treated with 0.1% of the same 

compound the WDPT was 8-9 hours. These results indicate that the organic coating did 

induce water repellency and that this hydrophobicity was stronger in soils treated with 

higher concentrations of HAD. 

3.2 Wind tunnel experiments 

The effect of water-repellent coatings on wind erosion threshold velocity was assessed 

under different levels of atmospheric humidity through wind tunnel tests carried out on 

three soil treatments. The primary experimental result of this study is that in each of the 

four different humidity ranges considered (i.e., 10-30%, 30-50%, 50-70%, and 70-90%) 

the threshold velocity was highest for the control sand (Figure 5.3) and decreased with 

increasing concentrations of fatty acid. The differences between the threshold velocity 

values of control and 0.01% treated sand and between 0.01% and 0.1% treated sand were 

found to be significant (p<0.0001) in all the humidity classes, while the surface moisture 

content of the control and 0.1% treated sands were found to be not significantly different 

for all the humidity classes (p>0.05). Thus, the statistical analyses show that the threshold 

velocity values were significantly different for the control and the treated soils even 

though the surface moisture contents were not significantly different. Moreover, for each 

treatment the threshold values increased with increasing air humidity, indicating the 

existence of a clear dependence of threshold velocity on air humidity (Figure 5.3). In this 

case, due to the absence of clay fractions the effect of absorbed moisture on interparticle 

bonding was different from our previous findings [Ravi et al. 2004; 2006b; Ravi and 

D’Odorico, 2005] in that the threshold velocity for wind erosion exhibited a monotonic 

increase with the humidity of overlying air.  
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Figure 5.3 Threshold shear velocity (u*) as a function of atmospheric relative humidity 

(RH) as determined by wind-tunnel tests for three soil treatments. The error bars 

represent the standard deviation of threshold shear velocity within each class of relative 

humidity. 

 
3.2 Surface soil moisture and water retention curves 

Surface soil moisture of the control was observed to increase with increasing 

near-surface air humidity (Figure 5.4) consistently with our previous studies [Ravi et al., 

2004; 2006b]. These results indicate that in the absence of other inputs of water, surface 

soil moisture (hence the threshold velocity) was controlled by near-surface atmospheric 

humidity. The sensitivity of surface water content on relative humidity was found to be 

stronger for the control soil than for the treatment #1 (0.1% of HAD). However, the 
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surface moisture content of the treatment with 0.1 % concentration of the HAD was also 

found to increase with increase in air humidity.  

 

Figure 5.4 Surface soil moisture (s) of the control and repellent soil (0.1%) at different 

atmospheric relative humidity (RH) ranges. The error bars represent the standard 

deviation of surface soil moisture within each class of relative humidity. 

 

The moisture content of the treatment was consistently (slightly) higher than the 

control for the different humidity ranges considered for this study, though for some of 

them the differences in moisture content between treated and untreated soils were found 

not to be significantly different (Figure 5.4). The water retention curves (Figure 5.2) were 

almost similar for the control and the treated soil (0.1%) which indicated that these soils 

did not differ significantly in moisture retention properties. 
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4. A theoretical framework for the modeling of liquid-bridge bonding  

Theories for the estimation of the threshold velocity for wind erosion generally do 

not account for the dependence on the contact angle, γ, which is usually taken equal to 

zero [Fisher, 1926; McKenna-Neuman and Nickling, 1989; Cornelis et al., 2004]. This 

angle expresses the effect of the physical-chemical properties of soil grains and liquid 

(i.e., water) on the interaction between the grain surfaces and the fluid (Figure 5.5), while 

the surface tension is a property of the fluid only.  

 

Figure 5.5 (a) Shows the liquid bridge between two uniform spherical soil grains (b) 

Shows the contact angle (γ) between two uniform spherical soil grains with radius r. 

From simple geometric consideration we have that ψ = )(
2

γθπα +−= .  

 

The organic coating changes the contact angle in the treated soils thereby 

affecting the interparticle force due to liquid bridges between the adjacent soil particles. 

We adopt the theoretical framework developed by Fisher [1926] to show the impact of 

contact angle on interparticle forces (Fi) associated with liquid-bridge bonding between 

spherical particles. Liquid bridge bonding consists of capillary forces associated with (a) 

the tension due to the curvature of the air water interface and (b) the pressure deficit 
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between the pore air and the water in the liquid bridge [e.g., Cornelis et.al., 2004]. In the 

case of spherical soil grains [Fisher, 1926] the interparticle force is 

⎟
⎠
⎞

⎜
⎝
⎛ −+=

bc
TbbTFi

11cos2 2πψπ      (5.1) 

where T is the surface tension of water, b is the radius if the fluid neck connecting two 

spherical grains, c is the radius of the meridian curve and  )11(
bc

−  represents the total 

curvature of the surface at this point (see Figure 5.5).  

 

In non-repellent soils the contact angle is γ=0°, while the maximum 

hydrophobicity is attained when γ=90°. We generalize Fisher’s theory to account also for 

the dependence on the contact angle. From simple geometric considerations (Figure 5.5) 

we have that )(
2

γθπψ +−=  and  

)cos(
)cos1(

γθ
θ

+
−

=
rc  ,        ⎥

⎦

⎤
⎢
⎣

⎡
⎟
⎠
⎞

⎜
⎝
⎛ +−−−= )(

2
cos1sin γθπθ crb                          (5.2)  

Expressing the interparticle force given by equation (5.1) in terms of contact angle γ, Fi 

becomes 

⎟
⎠
⎞

⎜
⎝
⎛ −++=

bc
TbbTFi

11)sin(2 2πγθπ                                  (5.3) 

with b and c depending on γ (equation (5.3)). 
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Figure 5.6 Dependence between inter particle force and contact angle, γ,  (equation 5.2) 

for a close packing (circles) and open packing (diamonds) systems with 12.5 % moisture 

content (expressed as % of pore space, i.e., s=0.125). The angle θ (Figure 5.5) depends 

both on moisture content and on soil packing. 

 

The value of θ was given by Fisher [1926] as a function of the moisture content 

for open packing and closed packing systems. In our case we found that the moisture 

content (hence, the angle θ) remained about the same between treated sands and the 

control. In the numerical calculations shown in figure 5.6 we use a value of relative soil 

moisture, s=12.5% (expressed as percentage of pore space). The corresponding values of  

θ are 40° and 25° for the open and close packing, respectively [Fisher, 1926, Table. I]. 

Equation (5.3) can be rewritten in dimensionless form as,  
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r
b

c
cb

rT
Fi ⎟

⎠
⎞

⎜
⎝
⎛ ++

−
= )sin(2 γθ

π
                                 (5.4) 

where the right-hand-side is a function only of the moisture content (through the angle θ) 

and of the contact angle, γ. Figure 5.6 shows a plot of 
rT

Fi

π
 calculated using equation 

(5.4) as a function of the contact angle γ for the cases of close and open packing. 

 

5. Discussion  

The existence of higher moisture contents in water repellent soil seems to be 

counterintuitive, as water repellent soils are expected to adsorb less moisture from the 

overlying atmosphere. However, these results confirm the findings by Barrett and 

Slaymaker [1989], who observed that water repellent soils can absorb water.  These 

authors suggested that water can move more freely as vapor in a water repellent soil than 

in a normal soil, allowing soil water to be redistributed even though the adsorption 

capacity of water repellent soil grain surfaces for water molecules is small. Vermeire et 

al, [2005] observed, in field plot experiments, that the repellent soils had about the same 

moisture contents compared to control soils. Doerr et al [2000] reviewed three different 

mechanisms that can be invoked to explain this counterintuitive behavior. In summary, a 

conclusive theory for water absorption by hydrophobic soils is still missing. 

The results from the wind tunnel tests indicated that the water repellent sands 

were more susceptible to wind erosion compared to the control sand. The statistical 

analyses show that the threshold velocity values were significantly different for the 

control and the treated soils even though the surface moisture contents were not 

significantly different.   



 

 

84

Three possible mechanisms may (in general) explain the decrease in threshold 

velocities for water repellent soils: (a) the effect of hydrophobicity on moisture 

adsorption on treated soils; (b) the geometry of the adsorbed layers, and (c) the effect of 

water repellent coatings on the contact angle. In the following discussion we will show to 

what extent these mechanisms can be invoked to explain the effect of water repellency on 

soil erodibility. 

The condensation of water in the form of droplets adsorbed onto surfaces of water 

repellent grains is, in general, limited in hydrophobic soils [Osmet, 1963; see also Figure 

5.7]. At lower humidities (before the formation of liquid bridges) moisture content could 

affect the threshold velocity through an “added gravity effect” (i.e. these soils might be 

expected to retain less adsorbed water and to be consequently lighter and with a lower 

threshold velocity, e.g. Gregory and Darwish, 1990). However, in our case, the fact that 

both the moisture content and the water retention curves (Figure 5.2) were about the same 

for the control and the treated soil (0.1%) suggests that these soils did not differ 

significantly in moisture retention properties. Thus the lower threshold values observed 

for water repellent soils in our study cannot be attributed to weaker moisture adsorption 

on the grain surface than in the control. However, the more irregular geometry of the 

adsorbed layers formed on HAD-treated soil grains (Figure 5.7) might have affected the 

strength of the adsorbed-layer forces by reducing the contact area between adjacent 

adsorbed layers. This reduction would be similar to the effect of surface roughness on the 

soil grains investigated by Harnby [1992]. 
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Figure 5.7. Photos taken with Environmental Scanning Electron Microscope of treated 

and untreated soil grains (at RH 80-90%). There is a clear difference in moisture 

adsorption onto grain surfaces for the control and repellent soil. The control soil has 

grains with a uniform coating of adsorbed water, while moisture is adsorbed onto the 

0.1% treated soil with an irregular distribution of water droplets condensing on grain 

surfaces (indicated by the arrow). 

 

As the atmospheric humidity increases, the thickness of the adsorption film 

increases and eventually reaches a stage when condensation starts to occur in the contact 

points between the particles, thereby forming a liquid bridge [Harnby, 1992]. The 

repellent coatings on the soils can delay the formation of liquid bridges, or even prevent 

their formation in cases of extremely water repellent soils. In such cases, i.e. when the 

contact angle exceeds 90o, the capillary pressure becomes positive [e.g., Letey, 2001] 

preventing penetration of moisture in the interstices between soil particles. This limitation 

on moisture penetration significantly reduces the interparticle forces associated with 

moisture bonding. Two different mechanisms contribute to wet-bonding forces in soils 

[e.g., Ravi et al., 2006b], namely adsorbed-layer bonding in relatively dry soils, and 
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liquid-bridge bonding in wetter soils. In our previous work we have indicated RH≈60% 

as a reference threshold value for the formation of liquid bridges. We have also shown 

that for RH<60% - i.e., when the effects of adsorbed-layer bonding are stronger - the 

threshold velocity decreases with increasing values of RH (hence with increasing 

moisture contents [Ravi et al., 2004; 2006b]. This effect was not observed in the soils 

used in this study (not even in the control), probably due to the low adsorptive capacity of 

these sandy soils, with no clay fractions. Thus, we argue that adsorbed-layer bonding was 

weak both in the control and in the treated soils. The dependence of threshold velocity on 

moisture content (i.e., on RH) was probably due to capillarity and to early stages of liquid 

bridge formation even in air dry soils (i.e., RH<60%). Since the moisture absorption 

explanation does not appear to work (except for the likely effect of the treatment on the 

geometry of the adsorbed layer), due to the low adsorptive capacity of these soils and the 

insignificant differences in moisture content between treated soils and the control, let us 

explain the difference in soil erodibility for the three treatments as the effect of changes 

in the contact angle between liquid bridges and the soil grains. Liquid bridge-bonding is 

known for being the dominant interparticle bonding force [Cornelis et al., 2004] in 

relatively wet soils (e.g., RH>60%) and we argue that at the early stages of bridge 

formation it may limit the erodibility also of air-dry, clay-free sandy soils.  Figure 5.6 

shows the effect of the contact angle on interparticle forces due to liquid-bridge bonding. 

It is observed that a maximum can be observed, beyond which  
rT

Fi

π
 increases with 

contact angle. The 
rT

Fi

π
  values overall decrease when the contact angle increase from 0° 

(perfectly wettable soil) to 90° (perfectly water repellent soil). This result indicates that 
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the interparticle forces associated with wet-bonding effects decrease with increasing 

degrees of water repellency. The interparticle bonding force (Fi) is related to threshold 

velocity (u*) for wind erosion as [e.g. McKenna Neuman, 2003, Cornelis et al., 2004]. 

          3)(8* 1u
gr

BF

as

i

ρρ −
+∝                      (5.5)   

where sρ , aρ  are the densities of the soil grains and air, respectively, g is the acceleration 

due to gravity, and B is a constant (electrostatic forces between the soil grains are not 

considered in this expression as these forces are negligible for sandy soils) . Thus the 

decrease in interparticle forces explains the consistent decrease in threshold velocity that 

we found (Figure 5.3) with increasing concentrations of soil organic repellents (i.e. 

increasing values of γ) despite the fact that the moisture contents and water retention 

characteristics were comparable.  

The effect of enhancement of soil erodibility by fires depends also on a number of 

factors that have not been addressed in this study. For example, the level of soil 

hydrophobicity developed by fires depends on fire intensity, vegetation cover, and soil 

texture. Other authors have already investigated how these factors affect the formation of 

water repellency at the soil surface [e.g., Doerr et al., 2000]. Our research focused 

directly on the effect of water repellency on soil erodibility. Thus, the results can be 

applied also to the case of water repellency produced by vegetation in the absence of 

fires. This non-pyrogenic repellency can be by itself significant, especially in coarse 

textured soils [e.g., Bond, 1964]. Further, this study focused only on post-fire 

enhancement of mineral soil erodibility, while other effects associated with the deflation 

of surface ashes and other light combustion products have not been investigated. This 

loose, nutrient-rich organic material is readily lost from the burned site by wind erosion. 
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The effect of soil water repellency on wind erosion is expected to come into play once 

most of the light, charred and burned surface material has been removed.  

 

6. Conclusions 

Our results experimentally support the hypothesis that fire induced water 

repellency in arid soils significantly affect the soil susceptibility to wind erosion. This 

study has shown that the 0.01% and 0.1% treatments with HAD were able to induce 

significant water repellency in soils. These repellent soils showed neither a significant 

change in moisture retention curves or in the moisture content. However water repellency 

was able to induce important changes in the threshold shear velocity for wind erosion, 

which was found to decrease with the increasing degrees of soil water repellency.  The 

results were explained as an effect of the increase in soil-water contact angle (induced by 

the organic coating of the soil grains) on the strength of interparticle wet-bonding forces. 

Through a theoretical framework developed to express the wet bonding forces as a 

function of contact angle it was shown that water repellency weakens the interparticle 

forces, thereby enhancing soil erodibility by wind. 
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CHAPTER: 6 

THE EFFECT OF FIRE-INDUCED SOIL HYDROPHOBICITY ON WIND 

EROSION IN A SEMIARID GRASSLAND: EXPERIMENTAL OBSERVATIONS 

AND THEORETICAL FRAMEWORK 

(This chapter is in press for Geomorphology) 

Abstract 

Arid land ecosystems are often susceptible to degradation resulting from 

disturbances like fires and grazing. By exposing the soil surface to the erosive action of 

winds, these disturbances contribute to the redistribution of soil nutrients associated with 

grassland-to-shrubland conversions and to the formation of a heterogeneous landscape. 

Wind erosion maintains the local heterogeneities in nutrient and vegetation distribution in 

arid landscapes through the removal of nutrient-rich soil from the intercanopy areas and 

the subsequent deposition of soil onto vegetation patches. Even though wind erosion and 

disturbances like fires strongly interact with each other and determine vegetation patterns 

in arid landscapes, very few studies have addressed these interactions. Using soil samples 

collected after a wildfire event at the Cimarron National Grasslands in southwestern 

Kansas, we demonstrate through a series of wind tunnel experiments, laboratory 

measurements and theoretical analyses how wind erosion can be enhanced by fire-

induced water repellency. Results from the wind tunnel experiments show that in 

semiarid grasslands fires can cause a decrease in the threshold velocity of wind erosion, 

thereby enhancing the post-burn erosion of (hydrophobic) soils. Further, a generalized 

process-based theoretical equation was derived to explain the decrease in threshold 
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friction velocity in water-repellent soil for the case of soil particles modeled as 

asymmetrical cones. 

 

1. Introduction 

In arid and semiarid environments, aeolian processes redistribute soil particles 

and nutrients [Schlesinger et al., 1990; Okin and Gillette, 2001] thereby affecting soil 

surface texture, water holding capacity, and soil fertility [Offer et al., 1998; Lyles and 

Tatarko, 1986]. These changes in the characteristics and distribution of soil affect the 

productivity, composition and spatial patterns of vegetation in arid landscapes 

[Schlesinger et al., 1990]. Arid lands exhibit fragile ecosystems susceptible to 

degradation from disturbances like fires and grazing, which can modify the interactions 

among ecological, hydrological, and land surface processes [Ludwig et al., 1997]. These 

disturbances expose the soil surface to the erosive action of winds and consequently 

contribute to the formation of a heterogeneous landscape. In arid shrublands, soil erosion 

results mainly from aeolian, as opposed to fluvial, processes [Breshears et al., 2003], 

which maintain local heterogeneities in nutrient and vegetation distribution through the 

removal of nutrient-rich soil from intercanopy areas and subsequent deposition onto 

vegetation patches [Schlesinger et al., 1990; Okin and Gillette, 2001]. On the other hand, 

fires affect the abundance and distribution of shrubs and grasses in arid ecosystems 

[Scholes and Archer, 1997; van Langevelde et al., 2003; Sankaran et al., 2004]. Thus, 

wind erosion and fires influence the dynamics of dryland landscapes, and the interactions 

between these two processes play a major role in determining the composition and 

structure of vegetation patches.  
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The relevance of wind erosion and fires to the dynamics of dryland landscapes 

explains the need to investigate the interactions between these two processes.  Even 

though interactions of wind erosion with disturbances such as fires are expected to affect 

the dynamics and spatial patterns of arid land vegetation, only a limited number of 

studies have investigated these interactions within a process-based framework. Recent 

studies [Whicker et al., 2002, Ravi et al., 2006a] have shown that fire increases the soil 

susceptibility to wind erosion in arid lands. Further, Ravi et al. (2006a) experimentally 

showed that the enhancement of post-fire erodibility was associated with soil 

hydrophobicity and explained these findings as the effect of water-repellent compounds 

released by burning plants. The condensation of these compounds onto the soil particles 

modifies the contact angle between soil grains and air-water interface in the soil pores 

with consequent effects on the strength of interparticle wet bonding forces. 

The empirical relations between concentration of water-repellent compounds and 

the threshold velocity for wind erosion found by Ravi et al. [2006a] were determined 

using clean, uniform, and almost spherical sand grains treated in the laboratory, while to 

date these effects have not been tested using natural soils. Thus, it remains unclear 

whether the water repellency developed by real fires may indeed lead to a noticeable 

increase in soil erodibility in natural soils. Moreover, the theoretical framework 

developed by Ravi et al. [2006a] to show the dependence of interparticle bonding forces 

on the contact angle was derived in the idealized case of spherical soil particles and thus, 

it is not well-suited to explain the effect of repellency on capillarity in real soil, which 

generally consists of particles with relatively sharp edges. Here, we use soils from burned 

and unburned plots collected after a major fire event at the Cimarron National Grasslands 
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(KS) to demonstrate that wind erosion may be enhanced by fire-induced water 

repellency. Further, the theoretical expression developed by Ravi et al. [2006a] to explain 

the decrease in threshold friction velocity in water-repellent soils is generalized to the 

case of more natural grain shapes.  

 

2. Background 

For the wind to cause soil erosion, its speed must exceed a certain threshold value 

that depends on field surface conditions, size and shape of the aggregates, clay content, 

near surface soil moisture, and other physical and biotic factors [Bagnold, 1941; Belly, 

1960]. Surface soil moisture is an important factor controlling changes in soil erodibility 

at relatively short (e.g., diurnal) time scales [Gregory and Darwish, 1990; McKenna 

Neuman and Nickling, 1989; Fecan et al., 1999; Ravi et al., 2004]. Laboratory tests [Ravi 

et al., 2004, 2006b] have shown that atmospheric humidity plays a major role in 

determining the moisture content of the soil-surface. Indeed, air humidity has been used 

as a proxy for surface soil moisture in some recent studies on soil moisture controls on 

threshold velocity [Ravi et al., 2004; Ravi and D’Odorico, 2005].  

Soil water is stored in the soil matrix below field capacity in two ways: as liquid-

bridges formed around contact points between adjacent grains, and in the thin film of 

water adsorbed on the grain surface [Hillel, 1980]. Whether adsorbed onto grain surfaces 

or stored in liquid-bridges, moisture significantly affects the entrainment of soil particles 

by wind [e.g., McKenna Neuman and Nickling, 1989; Fecan et al., 1999; Ravi et al., 

2006b] by introducing wet-bonding forces between the grains. Capillary forces are 

significant under relatively large soil moisture conditions when a liquid-bridge exists 
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between the soil grains. In these conditions the interparticle forces are contributed 

mostly by capillarity, especially in sandy soils, where only a small water fraction is 

retained in the adsorbed layer. In air-dry soils at low humidity the adsorptive (i.e., 

hygroscopic) forces dominate the wet-bonding forces because soils are too dry for the 

formation of liquid-bridges, thus no liquid-bridge bonding (i.e., capillarity) occurs. The 

amount of water adsorbed on the grain surface depends on hygroscopic properties of the 

soil particles, and it increases with clay content. At relatively large values of atmospheric 

humidity, water vapor condenses close to the contact point between soil grains and leads 

to the formation of liquid-bridges [Harnby, 1992]. Liquid-bridge bonding consists of 

capillary forces associated with (a) tension because of the curvature of the air-water 

interface and (b) the pressure deficit between the pore air and the water in the liquid-

bridge [e.g., Fisher, 1926; Cornelis et al., 2004].  

During fires, organic compounds released by burning biomass are volatilized and 

transported into the soil by the strong air pressure gradients that are set up by strong 

temperature gradients existing within the soil. The condensation of these organic vapors 

around the soil grains may create a hydrophobic coating depending on the nature of the 

parent fatty acid [e.g., DeBano, 2000]. The severity of this hydrophobic effect depends on 

the fire regime, in particular on fire temperature, soil properties, moisture content, type of 

vegetation and other factors [e.g., DeBano, 2000; Doerr et al., 2000].  The presence of 

these hydrophobic coatings increases the contact angle (γ) formed by the air-water 

interface with the soil grains. When the contact angle, which is an indicator of the free 

energy of the solid-gas interface in soils, is less than 90o, water displaces air in the soil 

pores and spontaneously wets the soil; conversely, when the contact angle exceeds 90o, 
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an external force is required to wet the soil by forcing the displacement of air within the 

interspaces between grains. When this angle exceeds 90o, the capillary pressure becomes 

positive [e.g., Letey, 2001] and prevents the wetting of the soil grains. As the aeolian 

erosion process affects the top few millimeters of the soil, the moisture content of the 

surface soil needs to be considered to investigate its effect on the intergrain bonding 

forces. At the same time water retention properties at the soil surface may be significantly 

affected by hydrophobicity induced by fires. 

The threshold velocity (ut) for wind erosion depends on the interparticle bonding 

force (Fi) as [e.g., McKenna- Neuman, 2003, Cornelis et al., 2004] 

          ut 3)(8
1

gr
BF
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i

ρρ −
+∝                      (6.1)   

with sρ , aρ  being the densities of the soil grains and air respectively, g the acceleration 

of gravity, r radius of the grain and B a constant. Existing theories for the estimation of 

the threshold friction velocity for wind erosion generally do not account for the 

dependence of the interparticle force on the contact angle, γ, which is usually taken as 

being equal to zero [Fisher, 1926; McKenna Neuman and Nickling, 1989; Cornelis et al., 

2004]. Ravi et al. [2006a] developed a theory that accounts for this effect by modifying 

the theory by Fisher [1926] to express the interparticle force because of liquid-bridge 

bonding between spherical particles of radius r as a function of the contact angle. Ravi et 

al. [2006a] showed that the interparticle bonding force first increases and then decreases 

when the contact angle increases from 0° (perfectly wettable soil) to 90° (water-repellent 

soil). The theoretical equation developed by Ravi et al. [2006a] expressing the decrease 

in threshold friction velocity in water-repellent soils is generalized in this paper (see 

Appendix C) to the case of more irregular soil grains (i.e., with sharper edges) by 
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assuming the contact areas between the soil grains to be approximated as asymmetrical 

cones rather than spheres, as suggested by McKenna Neuman and Nickling [1989].  

 

3. Materials and methods 

3.1 Soil sampling and study site 

In the midst of an extended drought associated coincidentally with many large 

grassfires throughout a large portion of the US Southern Great Plains [National Climatic 

Data Center, 2006] on February 5, 2006, a large fire spread through part of the Cimarron 

National Grassland near Elkhart in the southwest corner of Kansas (Figure 6.1).  

 

Figure 6.1 A photo of the burned field at the Cimarron National Grassland (the burned 

Yuccas in the picture are approximately 0.5 m tall). Inset shows the location of study 

area. 
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This fire was termed the “Steeler Fire” by US Forest Service personnel and it 

burned an area of approximately 1700 ha [US Forest Service, 2006].  This human-caused 

fire happened at the beginning of the windy season. After all of the above-ground 

vegetation had burned, the soil surface was left exposed to strong winds resulting in rapid 

erosion. Ten days later on February 15, soil samples were collected from a burned short-

grass prairie ecosystem affected by significant shrub encroachment (Figure 6.1). Surface 

soil (top 5 cm) was collected from three replicate plots from the burned area and adjacent 

unburned area separated by the fire line. Most of the burned vegetation debris and black 

carbon had been blown off of the soil surface during the ten days since the fire. Water 

drop penetration tests carried out in the field showed that significant water repellency 

existed in the burned plots (Figure 6.2).  

 

Figure 6.2 Water Drop Penetration Test (WDPT) on the burned plot indicating a water 

repellent soil (the water drop in the picture has a diameter of approximately 1 

centimeter).  
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3.2 Characterization of soil hydrophobicity  

The severity of fire-induced water repellency of the soil samples was measured in 

the laboratory by two methods: the water drop penetration time (WDPT), and the 

molarity of an ethanol drop (MED) instantaneously infiltrating into the soil [e.g., Doerr, 

1998]. The samples of each treatment were transferred to metal cups (5 cm diameter and 

5 cm deep). For the WDPT test, a pipette was used to carefully place water drops on the 

soil surface. The time required for the drop to penetrate the surface was noted.  The time 

for the water drop to penetrate (WDPT) for a sample was taken as the mean penetration 

time for ten droplets. In the MED test, standardized solutions of ethanol in water of 

known surface tensions were used to characterize the water repellency in the soil [Doerr, 

1998; Roy and McGill., 2002]. Drops of the ethanol-water solutions with increasing 

molar concentrations are placed on the surface of the water-repellent soil sample. As the 

molarity of the solution increases, the surface tension decreases and at a certain critical 

concentration (designated the ‘critical surface tension’) the drop penetrates the soil 

surface instantaneously (i.e., within 2 seconds). The MED test results were used to 

calculate the initial advancing contact angle θ [Roy and McGill, 2002] using the equation  

                               1
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where is the surface tension of the ethanol water solution that instantaneously wets the 

water repellent soil and  is the surface tension of  water. 
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3.3 Soil texture analysis and soil moisture retention curves 

The fractions of sand, silt, and clay in each soil sample were measured using the 

standard hydrometer method [ASTM, 1981; Liu et al, 1984]. A hydrometer (Fisherbrand 

Specific Gravity Scale Soil Hydrometer) was used to measure the specific gravity of the 

soil suspension; the size fractions were then calculated based on the settling time of the 

suspended particles. The values of soil water potential were determined using a chilled 

mirror potentiometer (DECAGON, AquaLab series 3T) and the corresponding 

gravimetric values of soil wetness were used to plot the water retention curves for the 

burned and unburned soil samples. To account for the very small soil moisture contents, a 

high-precision weighing balance (i.e., providing measurements in grams with 4 decimal 

digits) was used to determine the gravimetric soil moisture. 

3.4 Wind tunnel tests 

A non-recirculating wind tunnel at the Wind Erosion and Water Conservation 

Research Unit of the US Department of Agriculture, Agricultural Research Service, 

located in Lubbock, Texas, was used for this study [see description in Ravi et al., 

2006b],. This wind tunnel is 10.0 m long, 0.5 m wide and 1.0 m high, while the test 

section is 1.2 m long. The soils were kept in removable metal trays (1.5 cm deep by 46.0 

cm wide by 100.0 cm long) that fit in the test section of the wind tunnel. Wind velocity 

was measured at different heights inside the tunnel using a series of Pitot tubes (ten in 

total) connected to pressure transducers. These velocity values were used to calculate the 

surface roughness (Zo = 1.17 mm) and to express the wind speed (v) in terms of shear 

velocity (u*). During the tests for threshold velocities, the wind speed was measured with 

a single Pitot tube at 60 cm above the bottom of the tunnel. A particle impact sensor 
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(SENSIT) was used to measure the onset of saltation 45 cm downwind from the edge of 

the soil tray. Soil temperature was measured using an infrared thermometer (Exergen 

Corp, IRT/C.2 with Type K Germanium lens) and the near soil surface temperature and 

relative humidity (2mm from surface) were measured using a probe (Vaisala, Inc. 

Humitter 50U). A handheld relative humidity/temperature probe and a wire thermocouple 

were used to monitor the ambient temperature and humidity outside the wind tunnel. 

Before each test in the wind tunnel, the Pitot tube and its transducer were calibrated and 

corrections were made for changes in atmospheric temperature. The trays were then 

placed in the wind tunnel and the motor was started. The air flow was initially increased 

stepwise to attain a wind speed just below the estimated threshold value and then 

increased slowly until the particle sensor indicated particle movement. The threshold 

velocity was determined as the velocity at which an abrupt increase from zero to more 

than 10 particle impacts per second was consistently observed for more than 3 seconds.  

Three replicates of the control and burned soils were used for this wind tunnel 

study. The soil samples were passed through a 2 mm sieve and kept in the metal trays for 

5-6 hours before each wind tunnel test to equilibrate with the ambient atmospheric 

humidity and temperature. Our previous studies [Ravi et al., 2004, 2006b, Ravi and 

D’Odorico, 2005] have shown that atmospheric humidity is a major factor controlling the 

moisture in the surface soil for air dry soils. To account for this, the wind tunnel tests 

were repeated at two ranges of relative humidity: low range (10-40%) and high (50-80%). 

Climatic parameters such as atmospheric humidity and temperature cannot be controlled 

in this wind tunnel facility, and thus, were determined by the ambient weather conditions. 

The air in Lubbock is generally dry and greater variability in humidity results from the 



 100

diurnal cycle than as a result of seasonal fluctuations. To cover a broad range of relative 

humidity, the experiments were repeated on different days with different ambient 

conditions. One advantage of this approach is that because the soils are neither artificially 

wetted nor dried, significant changes in soil moisture during the experiments are 

eliminated. Under these conditions, changes in surface soil moisture are only due to 

fluctuations in air humidity. 

 

4. Results 

The burned and control soils collected from the field were tested for the extent of 

water repellency in the laboratory by WDPT and MED tests. In the laboratory, the burned 

soils had a WDPT of 2-5 minutes; however, when tested in the field the WDPT was 

much longer (5-10 minutes). The soil samples from the control plots had no water 

repellency as measured by the WDPT test (i.e., the drops were absorbed instantaneously). 

The ethanol concentration required for “instantaneous” absorption of drops on the burned 

soil was 3 molar, corresponding to a critical surface tension of 4.2 ×10-4 N/cm, (surface 

tension (at 20o C) of water being 7.2 x 10 -4  N/cm and ethanol 2.2x10-4 N/cm) indicating 

the existence of relatively high levels of water repellency in the soil [Roy and McGill, 

2002]. The initial advancing contact angle of the burned soils calculated using the MED 

test results was around 103o. The textural analysis done using the hydrometer method 

indicated that the soil from Cimarron grassland was sandy in nature with 82% sand, 10% 

silt, and 8% clay content.  

The dependence of soil moisture on near-surface air humidity for the Cimarron 

control soil sample (8% clay) and untreated clean, round, well-sorted Ottawa sand (US 
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Silica ASTM 20/30 unground silica), which was used in our previous study [Ravi et al., 

2006a], is shown in Figure 6.3.  

 

Figure 6.3 Surface soil moisture (s) as a function of relative humidity (RH) for clean 

untreated sand (Ottawa sand) and a natural unburned sandy loam (Cimarron soil). 

 

The wind tunnel tests showed that the threshold friction velocities of burned soils 

were significantly less than the control soil samples in the two humidity ranges 

considered for the study (Figure 6.4).  This was consistent with the results obtained using 

the Ottawa sand treated with a hydrophobic compound (hexadecanoic (palmitic) acid) to 

simulate fire-induced water repellency using the methods detailed in Ravi et al. [2006a]. 

Even though the curve for water retention for the burned soil shows a slight change from 
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the control soil, the surface soil moisture of the burned and control soils were not 

significantly different at the different humidity ranges considered (Figure 6.5).  

 

Figure 6.4 Threshold friction velocity (u*t) as a function of atmospheric relative humidity 

(RH) as determined by wind-tunnel tests for control and burned Cimarron soil. The error 

bars represent the standard deviation of threshold shear velocity within each class of 

relative humidity. 
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Figure 6.5 (a) Water retention curves for the control (i.e., unburned) and the burned soil 

from Cimarron National Grassland used in this study. s represents gravimetric soil 

moisture and |ψ| is the absolute value of matric potential (MPa). (b) Surface soil moisture 

(s) as a function of relative humidity for the control and burned soil. The error bars 

represent the standard deviation of soil moisture within each class of relative humidity. 
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5. Discussion 

The results from the WDPT and MED tests indicate that the soils from Cimarron 

grasslands developed water repellency as a result of the fire. By contrast, the soil from 

the control plots showed no water repellency. The soil moisture content did not 

significantly change after the fire as shown by the moisture content of the surface soil for 

the control and burned soils (Figure 6.5). The slight shift in the water retention curve 

might result from the changes in adsorption of moisture by the burned soils. These results 

are consistent with our previous study of clean sands treated in the laboratory with 

hydrophobic compounds [Ravi et al., 2006a]. The greater clay content (8%) of the soil 

samples from Cimarron Grasslands and differences in particle size in the silt-sand 

fraction explain the stronger dependence of surface soil moisture on air humidity when 

compared to untreated Ottawa sand (Figure 6.3). Wind tunnel tests showed that, after 

burning, soils exhibited a significant decrease (Figure 6.4) in the threshold shear velocity 

for wind erosion (based on t-test of the mean at the 5% significance level). The decrease 

in threshold velocity was similar (in magnitude) to that found on sands treated with 

hydrophobic compounds [Ravi et al., 2006a]. Further, the threshold velocity of the 

unburned, but not the burned soil, was observed to increase with increasing air humidity 

(Figure 6.4). These results show that fire-induced water repellency significantly affects 

soil susceptibility to wind erosion, even though the soil moisture content remains 

generally the same before and after the fire.  

To explain the results obtained with the treated Ottawa sand, Ravi et al. [2006a] 

developed a theoretical expression based on a modification of the analysis by Fisher 

[1926] to account for the effect of the contact angle on wet bonding forces between 
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spherical particles.  Liquid-bridge formation because of the condensation of water vapor 

in the spaces between soil grains can be delayed or even prevented in the case of 

hydrophobic soils. Even when the liquid-bridges are formed, however, the observed 

decrease in threshold shear velocity for burned soils can be explained as the effect of 

changes in the contact angle caused by soil hydrophobicity. Here, we derive a more 

realistic expression to show the effect of water repellency on interparticle wet bonding 

forces for the case of soil grains with sharp edge contact points. To this end, we borrow 

from McKenna Neuman and Nickling [1989] the schematic representation of the 

interparticle contact areas given by two co-axial asymmetrical cones (Figure 6.6).  

 

Figure 6.6 Schematic representation of soil particles as coaxial cones.   
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The formal derivation of an expression for the interparticle wet bonding forces 

(Fi) presented in the Appendix C leads to an expression of Fi as a function of the contact 

angle 
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where T is the surface tension, a1, b1, a2, b2, and G1 are parameters that depend on the 

contact angle and on the geometry of the cone-shaped soil contact areas (see Appendix 

C). G1 modulates the dependence of Fi on the contact angle, γ, and on the particle 

geometry. Figure 6.7 shows the effect of changes in contact angle (γ) on G1.  

 

 

Figure 6.7 Dependence of G1 on the contact angle, γ, for different combinations of α and 

β. It is shown that the capillarity-induced interparticle bonding force decreases with 

increasing values of the contact angle (i.e., with increasing degrees of soil water 

repellency). 
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It is observed that G1 decreases with increasing values of γ, i.e., increasing soil 

hydrophobicity. Thus, because in Equation (6.3), G1 is proportional to the interparticle 

bonding force, Fi decreases with increasing soil hydrophobicity. A comparison between 

Figure 6.7 and results from our previous study using Ottawa sand [Ravi et al., 2006a] 

shows that the dependence of the interparticle wet-bonding force on the contact angle 

given by these two models is qualitatively the same. The differences in the actual values 

of Fi/ (π r1 T) between these two studies result from the different geometry used by the 

two models and to the values used for the parameters η, α, β. 

 

6. Conclusions 

The results presented in this paper provide experimental evidence of the effect of 

post-fire enhancement of the potential for wind erosion in arid lands. This phenomenon 

results from an increase in soil erodibility, i.e., to a reduction in the threshold velocity for 

wind erosion.  In addition to a higher susceptibility to wind erosion because of loss of 

vegetation cover, soils affected by biomass burning exhibit lower threshold velocities 

than unvegetated soil plots not exposed to fires. We interpret this phenomenon to be the 

result of fire-induced soil hydrophobicity generated by post-fire condensation of organic 

vapors on the soil grains. In a previous study, we demonstrated that water repellency 

induced artificially in soils by laboratory treatments may reduce the threshold velocity. 

This paper shows that real fires may indeed cause an enhancement in soil erodibility. 

Because significant levels of repellency were detected after the fire, we conclude that the 

observed reduction in threshold velocity was an effect of soil water repellency, consistent 

with our previous findings on laboratory-treated soils. We acknowledge, however, that 
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the enhancement of soil erodibility by fires also depends on factors like microbial crusts, 

organic matter and types of vegetation, which were not considered in this study. Our 

previous studies [Ravi et al., 2006a] using clean sands, without the above mentioned 

confounding factors have well established the role of fire induced water repellency on the 

enhancement of wind erosion after fires. 

A theoretical expression for the wet-bonding force as a function of soil-water 

contact angle was developed to explain these results. To account for the sharp-edge shape 

of natural soil grains, we assumed the contact areas between soil grains to be 

asymmetrical cones and calculated the interparticle bonding forces as a function of grain 

geometry and of the contact angle. This theoretical analysis supports our experimental 

findings, and shows how soil hydrophobicity increases the soil susceptibility to wind 

erosion.  
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CHAPTER: 7 

FEEDBACKS BETWEEN FIRES AND WIND EROSION IN  

HETEROGENEOUS ARID LANDS 

(This paper is published in Journal of Geophysical Research -Biogeosciences) 

 

Abstract 

Shrub encroachment, a widespread phenomenon in arid landscapes, creates “islands of 

fertility” in degraded systems as wind erosion removes nutrient-rich soil from 

intercanopy areas and deposits it in nearby shrub-vegetated patches. These islands of 

fertility generally are considered to be irreversible. Recently, fire has been observed to 

alter this pattern of resource heterogeneity through the redistribution of nutrients from the 

fertile islands of burnt shrubs to the surrounding bare soil areas. Despite the recognized 

relevance of both fires and wind erosion to the structure and function of arid ecosystems, 

the interactions between these two processes remains poorly understood. This study tests 

the hypothesis that fire-induced soil hydrophobicity developing in the soils beneath 

burned shrubs enhances soil erodibility by weakening the interparticle wet-bonding 

forces. To test this hypothesis, the effects of grass and shrub fires on changes in soil 

erodibility and on the intensity of fire-induced soil water repellency are compared at both 

the field and patch scales in heterogeneous arid landscapes. Higher water repellency was 

observed in conjunction with a stronger decrease in wind erosion threshold velocity 

around the shrubs than in grass-dominated patches affected by fire, while neither water 

repellency nor changes in threshold velocity was noticed in the bare soil interspaces. 

Thus, fires are found to induce soil hydrophobicity and to consequently enhance soil 
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erodibility in shrub-vegetated islands of fertility. These processes create temporally 

dynamic islands of fertility and contribute to a decrease in resource heterogeneity in 

aridland ecosystems following fire. 

 

1. Introduction 

In arid environments erosion processes redistribute soil particles and nutrients 

[Schlesinger et al., 1990; Okin and Gillette, 2001], thereby affecting soil texture and soil 

water holding capacity [Lyles and Tatarko, 1986, Offer et al., 1998] with consequent 

effects on the productivity, composition and spatial patterns of vegetation [Schlesinger et 

al., 1990]. In these landscapes soil erosion is mainly due to aeolian processes [Breshears 

et al., 2003], which maintain the local heterogeneities in nutrient and vegetation 

distribution through the removal of nutrient-rich soil from intercanopy areas and the 

subsequent deposition onto vegetated areas [Schlesinger et al., 1990; Okin and Gillette, 

2001]. Thus, wind erosion is often invoked as a major factor enhancing and maintaining 

soil heterogeneity, particularly in shrub encroached arid landscapes [Okin and Gillette, 

2001].  

Dryland ecosystems are often prone to disturbances like fires and grazing, which 

may render soils more susceptible to wind erosion with important impacts on regional 

and global climate, human health, biogeochemical cycles, and desertification [Nicholson, 

2000; Rosenfield et al., 2001; Fryrear, 1985; Whicker et al., 2006; Duce et al., 1991; 

Schlesinger et al., 1990]. Fires modify the interactions between eco-hydrological and 

land surface processes [Ludwig et al., 1997], expose the soil surface to the erosive action 

of winds, and affect the relative abundance and distribution of shrubs and grasses in arid 

ecosystems [Scholes and Archer, 1997; van Langevelde et al., 2003; Sankaran et al., 
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2004]. On the other hand, vegetation type and patterns affect both the intensity and 

frequency of fires [Anderies et al., 2002; van Wilgen et al., 2003]. Although both wind 

erosion and fires play an important role in the dynamics of arid and semiarid ecosystems, 

the interactions between these two processes remain unknown. Fire is now a commonly 

used management tool in many aridland ecosystems to reduce shrub cover and to enhance 

grass growth. Thus, understanding how fire affects soil structure and resource 

heterogeneity is of fundamental and practical importance in systems where aeolian 

processes predominate.  

Several studies have shown that fires in shrub-encroached grasslands favor grass 

regrowth and limit further shrub encroachment [Van Auken, 2000; Van Wilgen et al., 

2003].  Recent studies [White et al., 2006] have shown that, while the process of shrub 

encroachment favors the formation of a heterogeneous landscape with the concentration 

of resources beneath the shrub canopies and the formation of “fertility islands” (Figure 

7.1a), fires tend to destroy this heterogeneity by enhancing wind-induced particle 

transport and erosion from fertile islands affected by the burning of shrub biomass. In 

fact, subsequent to fire occurrences, microtopographic differences between vegetated 

islands and bare interspaces decrease [White et al., 2006], indicating that the resources 

accumulated in the fertility islands are redistributed onto the interspaces, thereby 

reducing the spatial heterogeneity of the system (Figure 7.1b). In addition, soil organic 

matter increased in bare areas relative to vegetated patches, and in some sites, soil 

resources (e.g. nitrogen) were more homogeneously distributed for up to 22 months 

following fire [White, in review]. These findings are consistent with the observation that 

burned areas exhibit lower threshold velocities for wind erosion and higher volumes of 
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soil loss than in similar unburned areas [Whicker et al., 2002]. This difference in soil 

erodibility determines important structural changes in the landscape through post-fire 

translocation of soil resources from burned “fertility islands” to bare soil areas. As a 

result, we hypothesize that fertility islands are not static, but rather dynamic features of 

the landscape. Thus wind erosion and fires influence the dynamics of dryland landscapes, 

and the interactions between these two processes play a major role in determining the 

composition and structure of vegetation. 

 

Figure 7.1 (a) Diagram showing the formation of islands of fertility around the shrub 

patches and increase in microtopography. (b) Diagram showing post-fire enhancement of 

wind erosion leading to redistribution of resources to bare interspaces and reduction in 

microtopography. 

 

However, an important component of these dynamics remains unexplained, as it 

is unclear why adjacent sites, with similar surface roughness and exposed to the same 

winds, should exhibit differing susceptibility to wind erosion [Whicker et al., 2002].  

Recent studies on soils treated in the laboratory with water-repellent compounds [Ravi et 
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al., 2006a] have experimentally shown that soil hydrophobicity enhances soil erodibility. 

By affecting the strength of interparticle wet-bonding forces, fire-induced water 

repellency enhances soil erodibility, causing a drop in wind erosion threshold velocity, 

the minimum velocity for erosion to occur. In this study we show that fire-induced water 

repellency creates the same effect, and we provide the first experimental evidence that 

post-fire enhancement of soil erodibility is due to fire-induced soil hydrophobicity. Fires 

are known for having a major impact on infiltration, runoff and water erosion [e.g., 

DeBano, 2000]. The post-fire increase in runoff and soil erosion is caused by the decrease 

in infiltration capacity resulting from fire-induced water repellency [Krammes and 

DeBano, 1965; DeBano, 1966]. In fact, burning vegetation releases fatty acids onto the 

underlying soil, with consequent effects on the physical-chemical properties of the soil 

grain surfaces; in particular, these organic compounds increase the contact angle formed 

by the air-water interface with the soil grains, thereby affecting the dynamics of moisture 

retention and the strength of interparticle bonding forces [Ravi et al., 2006a].   

In this paper, a study of the soil hydrophobicity caused by fire in arid landscapes 

and the subsequent effect on wind erosion thresholds in two different arid ecosystems is 

presented. In the first part of the study, two systems with different land cover, an arid 

grassland and a shrubland, were compared. The second part of the study concerns a 

heterogeneous arid landscape with a mosaic of vegetated shrub and grass patches 

separated by bare interspaces. The first part of the study investigates the relative 

importance of plant communities on the enhancement of soil susceptibility to wind 

erosion. The second part concentrates on differences in soil erodibility within a 

heterogeneous ecosystem, i.e., in grass- and shrub-dominated soil patches. Here we 
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hypothesize that the post-fire enhancement of soil erosion is stronger in shrub-dominated 

than in grass-dominated soils and that this difference is the result of the different level of 

soil-water repellency developed by the burning of shrub versus grass vegetation [Adams 

et al., 1970]. We argue that the stronger enhancement in soil erodibility induced by 

burning shrubs causes the observed decrease in soil heterogeneity. To test this hypothesis, 

we investigate, with field and laboratory measurements, changes in soil erodibility and 

other soil properties in soil plots affected by burning biomass. 

 

2. Materials and methods 

The burn experiments were conducted in two different ecosystems from the 

southwestern U.S which are prone to fires and wind erosion, namely, the Cimarron 

National Grassland (KS) and the Sevilleta National Wildlife Refuge (NM). The Cimarron 

National Grassland (37° 7.29'N, 101° 53.81'W) is a short grass prairie ecosystem (Blue 

grama), with significant shrub encroachment (Sage brush and Yucca) in some areas. On 

February 5, 2006, a large fire burned approximately 1700 ha in part of the Cimarron 

National Grassland [US Forest Service, 2006]. Thus, after all of the above-ground 

vegetation had burned, the soil surface was left exposed to high wind erosion activity. 

Two sites were chosen at Cimarron: a pure grassland site and a grassland encroached by 

shrubs. Two sets of soil samples were collected on burned and unburned soils across the 

fire line on three replicated pairs of (burned and unburned) plots at each site. The second 

set of experiments were conducted at the Sevilleta National Wildlife Refuge, located in 

the northern Chihuahuan Desert approximately 80 km south of Albuquerque, New 

Mexico (N 34o 23.961` & W 106o 55.710`). The site chosen for our study was a desert 
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grassland/scrubland with a mosaic of soil patches dominated by grasses (Sporobolis) and 

shrubs (Four wing saltbush and Snake weed) with bare interspaces. In the three field sites 

used for the study, grass cover was minimal near the base of the shrubs and the landscape 

was heterogeneous with distinct patches of grasses and shrubs with bare interspaces. This 

patchy landscape is typical for these arid shrublands [Kurc and Small, 2004].  Soil 

samples were randomly collected at each site from an area of about 5 m2 before and after 

the prescribed burn. As the focus of this study is on wind erosion and fires, soil samples 

were taken only from the surface (top 2 cm) under the grasses, around the shrubs, and 

from the bare interspaces in the three replicated plots before and after the prescribed 

burning. 

The soil samples were passed through a 2 mm sieve and kept in metal trays for 5-6 

hours before each wind tunnel test to equilibrate with the ambient atmospheric humidity 

and temperature. Surface soil moisture changed only in response to fluctuations in 

ambient air humidity as there was no control on the atmospheric humidity and 

temperature, and the soil samples were not artificially wetted or dried [Ravi et al., 2004, 

Ravi and D’Odorico, 2005]. To account for the effect of air humidity on surface moisture 

content, the wind tunnel tests were repeated at two ranges of relative humidity: 10-30% 

and 40-60%.  A non-recirculating wind tunnel (10.0 m long, 0.5 m wide and 1.0 m high) 

was used for this study. The soils were placed in the wind tunnel on removable metal 

trays (1.5 cm x 46.0 cm x 100.0 cm). The wind velocity was measured at different heights 

inside the tunnel using a series of Pitot tubes connected to pressure transducers. These 

measurements were used to calculate the surface roughness (Zo = 1.17 mm) and to 

express the wind speed (v) in terms of shear velocity (u*). Saltation was measured by a 
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particle impact sensor (SENSIT), soil temperature by an infrared thermometer (Exergen 

Corp, IRT/C.2 with Type K Germanium lens), near surface temperature and relative 

humidity (2 mm from surface) by a RH/T probe (Vaisala, Inc. Humitter 50U). For each 

wind tunnel test, the air flow was initially increased stepwise to attain a wind speed just 

below the estimated threshold value and then increased slowly till the particle sensor 

indicated particle movement, i.e., an abrupt increase from zero to more than 10 particle 

impacts per second. Three replicates of the control and burned soils were used for each 

set of wind tunnel tests and these sets were repeated at two different humidity ranges. 

Statistical tests (t-test) were carried out to assess the significance of the results. 

Determination of several soil properties was needed for interpretation of the 

experimental results. These included particle size distribution and soil wettability (i.e., 

the degree of hygroscopicity/ hydrophobicity of the soil grains). Fire-induced water 

repellency was determined using both the water drop penetration time (WDPT) and the 

molarity of ethanol solutions (MED) instantaneously infiltrating into the soil [e.g., Letey, 

2001]. For the WDPT (laboratory method) a pipette was used to place water drops on the 

soil surface. The time required for the drop to penetrate the surface was measured.  The 

water drop penetration (WDPT) time was determined for each sample as the mean 

WDPT for 10 droplets. In the molarity of an ethanol droplet (MED) test, standardized 

solutions of ethanol in water of known surface tensions were used to characterize the 

severity of water repellency in the soil [Doerr, 1998; Roy et al., 2002]. Drops of the 

ethanol-water solutions with increasing concentrations were placed on the surface of the 

water repellent soil sample.  As the molarity of the solution increases, the surface tension 

decreases and at a certain critical concentration (or critical surface tension, CST) the drop 
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penetrates the soil surface instantaneously (with in 3 seconds). Values of WDPT and 

MED for the soils used in the study are reported in Table 7.1. Soil texture was determined 

using the standard hydrometer method [ASTM, 1981]. A soil hydrometer (Fisher brand 

Specific Gravity Scale Soil Hydrometer) was calibrated to measure the specific gravity of 

the soil suspension; the size fractions were calculated based on the settling time of the 

suspended particles (Table 7.1). 

 

Table 7.1 Textural and wetting properties of the soils used in this study 

Particle size distribution Soil Hydrophobicity*  

Study sites Clay 

(%) 

Silt 

(%) 

Sand 

(%) 

WDPT 

(Sec) 

MED 

(Molarity) 

Shrubland 9 12 79 120 3 Cimarron National 

Grassland, KS Grassland 8 10 82 30 1 

Shrub  patch 28 19 53 50 2 

Grass patch 33 26 41 < 10 sec < 1 

Sevilleta National 

Wildlife Refuge, NM  

Bare interspaces 25 18 57 0 0 

* Soil hydrophobicity was not observed in control soils 

 

3. Results  

The results from the wind tunnel tests on the soils from the Cimarron National 

Grassland show that the threshold friction velocity of burned soils from both the grass-

dominated and shrub-dominated areas were significantly less than for the control soils 

collected from adjacent unburned areas. Moreover the threshold velocity values were 

significantly different for the soils from the burned and the control plots even though the 

surface moisture contents were not significantly different. These differences were 
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consistently observed for the two humidity ranges considered in this study (Figure 7.2a-

b). The differences in threshold velocities between the soils from control plots and burned 

plots were found to be statistically significant both for the grassland (p< 0.001 in the 0-

40% RH range  and p< 0.001 in the 40-80 % RH range) and shrubland at (p<0.001 in the 

0-40% RH range and p<0.00001 in the 40-80 % RH range). Further for each treatment, 

the threshold values increased with increasing values of air humidity, indicating a clear 

dependence of threshold velocity on air humidity as seen in our previous studies [e.g., 

Ravi et al., 2006a; Ravi et al., 2006b].  

Higher post-fire enhancement of soil erodibility resulted from the burning of 

shrubs than of grasses (Figure 7.2a-b) as evidenced by the results of the t-test which was 

carried out between the differences in threshold shear velocities of burned and control 

plots in the grassland and shrubland. The test clearly showed that - in both humidity 

ranges considered in this study - the differences between threshold shear velocities of 

control and burn plots were significantly higher in the shrubland sites compared to 

grassland sites (p< 0.026 in the 0-40% RH range and p<0.005 in the 40-80 % RH range). 

These results indicate that this difference is severe at higher humidity values. Further, the 

severity of fire-induced water repellency was higher for the shrubs than for grasses 

(Table 7.1).  The surface soil moisture of the burned and control soils were not 

significantly different for both the humidity ranges considered, whereas the surface soil 

moisture increased with increasing air humidity as reported in previous studies on 

unburned soils treated in the lab with water-repellent chemicals [e.g., Ravi et al., 2006a].  
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Figure 7.2  Threshold friction velocity (u*) as a function of atmospheric relative humidity 

(RH) as determined by wind-tunnel tests for control and burned surface soil from the 

Cimarron National Grassland. The error bars represents the standard deviation of 

threshold shear velocity within each class of relative humidity. The WDPT and MED 

values are for the burned soil. 
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The second part of the study focused on a heterogeneous arid landscape at the 

Sevilleta National Wildlife Refuge (NM), which exhibits a mosaic of patches dominated 

by shrubs, grasses and bare soil interspaces. In this system fires induced higher water 

repellency in the soils around the shrubs compared to grass-dominated patches, while no 

water repellency was noticed in the bare interspaces (Table 7.1). Laboratory wind tunnel 

tests showed that even before the burn experiment, different erosion thresholds existed in 

the same field due to the textural heterogeneity of soils sampled under shrubs, grasses 

and in bare soil patches (Figure 7.3). After burning, wind erosion thresholds decreased in 

the vegetated patches. The differences in threshold velocities between the soils from 

control plots and burned plots were found to be statistically significant both for the soils 

under grass patches (p< 0.001 in the 10-30% RH range and p< 0.03 in the 40-60 % RH 

range) and under shrubs at (p< 0.0001 in the 10-30% RH range and p< 0.003 in the 40-60 

% RH range), while – as expected – this difference in threshold velocity was insignificant 

between the control and the burned bare interspaces(p> 0.40 in the 10-30% RH range and 

p> 0.49 in the 40-60 % RH range). 

Moreover, the decrease in threshold velocity was stronger in the case of soils 

affected by the burning of shrubs; in fact, in both the humidity ranges the difference 

between threshold shear velocities of control and burn plots were significantly higher in 

soils from burnt shrub patches compared to soils from burnt grass patches (p< 0.003 in 

the 10-30% RH range and p< 0.013 in the 40-60 % RH range).  Thus, by decreasing the 

wind erosion thresholds in burnt shrub patches, fires enhance the erodibility of soils from 

beneath the burnt shrubs, thereby contributing to nutrient loss from the fertility islands 

and to the consequent reduction in landscape heterogeneities. 
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Figure 7.3 Threshold friction velocity (u*) as a function of atmospheric relative humidity 

(RH) as determined by wind-tunnel tests for control and burned soils from shrub patches, 

grass patches, and bare interspaces at the Sevilleta National Wildlife Refuge. The error 

bars represents the standard deviation of threshold shear velocity within each class of 

relative humidity. The WDPT and MED values are for the burned soil. 
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4. Discussion  

The experimental results support the hypothesis that fires enhance soil 

susceptibility to wind erosion in areas affected by biomass burning and that this effect is 

more significant in the case of shrub-dominated compared to grass-dominated areas, both 

at the field (Figure 7.2 a-b) and at the patch scale (Figure 7.3 a-c). In the case of patchy 

landscapes, the post-fire redistribution of soil and nutrients from shrub patches to bare (or 

sparsely grass-covered) interspaces can occur only if the soils in and around the shrub 

patches become more erodible compared to the interspaces. Our results indicate that this 

effect can occur in the field due to the relatively higher fire-induced soil hydrophobicity 

occurring in and around the shrub patches, compared to either grass-dominated or bare 

soils. Hence, following fire events, shrub-dominated fertility islands exhibit lower 

erosion thresholds compared to grass patches and bare interspaces.   

To assess the magnitude and significance of the enhancement of soil erodibility 

resulting from the post-fire decrease in threshold shear velocity , we used wind velocity 

records taken (at 2m height) from a bare soil plot at the Sevilleta site for a three-week 

period in the middle of the 2007 windy season (March - April). These velocity 

measurements were compared with the threshold velocity values determined in the wind 

tunnel. To this end, we used the Prandtl-von Karman logarithmic law [e.g., Campbell and 

Norman, 1998] to convert the threshold shear velocities measured for burned and control 

soils (Figure 7.3) into threshold wind speed values at 2 m height. The decrease in 

threshold velocity (at 2 m height) between burned and control soils was in the range of 

1.0 – 1.5 m/s, which corresponds - in this short wind record - to a 70% increase in the 

number of occurrences with wind velocity exceeding the threshold velocity. This result 
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indicates that the decrease in threshold velocity observed in the burned soils can cause a 

significant increase in wind erosion activity after fires. 

The level of soil hydrophobicity developed by fires depends on fire intensity, 

vegetation cover, and soil texture. The experimental results from our study show that a 

higher hydrophobicity develops in the soils beneath burning shrub vegetation (Table 7.1). 

This higher repellency found under the burnt shrubs is explained by the fact that shrubs 

typically contain more water-repellent organic compounds and are subjected to higher 

fire intensities compared to grasses [Tyler et al., 1995; Moreno et al., 1991]. Indeed, at 

the Sevilleta, fire temperatures beneath shrubs were 60-100 oC higher than in grass 

patches. The shrub patches are also characterized by high surface accumulations of 

organic matter and leaf debris which can enhance the severity of water repellency 

induced by fire [Pierson et al., 2001]. Further, the soil under shrub patches contained 

more sand (Table 7.1), and the severity of water repellency is higher in the case of sandy 

soils due to their relatively smaller specific surface area [DeBano, 2000].  

The higher fire-induced hydrophobicity explains the stronger decrease in wind 

erosion threshold velocity observed in the soil patches that prior to burning were 

vegetated by shrubs, as compared to soils under burned grasses or in the bare interspaces. 

In the latter case no decrease in wind erosion threshold was observed, due to the limited 

effect of fires on the bare soil patches.  
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5. Conclusions 

The enhancement of soil erodibility by fires may also depend on other factors in 

addition to soil water repellency, including the formation of cryptobiotic crusts by algae, 

fungi and soil bacteria, which may enhance the soil-water repellency [e.g. Savage et al., 

1969] and are susceptible to destruction by fire. Previous laboratory studies showing the 

ability of soil hydrophobicity to weaken interparticle bonding forces [Ravi et al., 2006a] 

were carried out on clean sands treated with water repellent organic compounds and were 

not affected by confounding factors such as microbial crusts or organic matter. The 

effects of microbial crusts are not considered in this study because they are mostly found 

in the bare interspaces [West, 1990; Schlesinger & Pilmanis, 1998; Stursova et al., 2006] 

as they avoid competition with vegetation for resources [Harper & Belnap, 2001; Li et 

al., 2002]. Although we acknowledge the role played by microbial crust in the process of 

soil erosion, it is not clear how they could contribute to the post-fire enhancement of soil 

erodibility from fertility islands. Conversely, the fact that fires induce soil-water 

repellency [e.g., De Bano, 2000; Doerr et al., 2000] is well-established, and the ability of 

repellency to enhance soil erodibility has been tested in the laboratory and 

mechanistically explained [Ravi et al., 2006a].  

In this study we also eliminated the effects due to the higher topography of shrub 

mounds and the soil disturbances caused by animals, by selecting study sites in areas 

where these effects were negligible. This study shows that the levels of soil 

hydrophobicity developed by typical rangeland fires are able to enhance soil erodibility. 

Moreover this effect is stronger in shrub than in grass patches, and non-existent in the 

bare interspaces. Thus, resource islands in aridland ecosystems are not static but rather 
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highly dynamic patch types in response to fire and perhaps other disturbances such as 

drought. These differences in the enhancement of soil erodibility provide the mechanism 

behind the recent observational evidence of loss in landscape heterogeneity subsequent to 

fires [e.g., White et al., 2006] and demonstrate the possible value of prescribed fire as a 

tool to mitigate the early stages of the processes of fertility island formation and 

desertification. 
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CHAPTER: 8 

POST-FIRE RESOURCE REDISTRIBUTION AND FERTILITY ISLAND 

DYNAMICS IN ARID LANDSCAPES: A MODELING APPROACH 

  

Abstract 

The common form of land degradation in desert grasslands is associated with the 

relatively rapid encroachment of woody plants, a process that has important implications 

on ecosystem structure and function, as well as on the soil hydrological and 

biogeochemical properties. Until recently this grassland to shrubland transition was 

thought to be highly irreversible. However recent studies have shown that there exists a 

very dynamic shrub-grass transition state, in which fire could play a major role in 

determining the dominance of grasses and their recovery from the effects of overgrazing. 

Fires tend to counteract the heterogeneity-forming dynamics of land degradation 

associated with the encroachment of shrub vegetation into desert grasslands. It has been 

shown that fires enhance soil erodibility under the burned shrub patches. This local scale 

enhancement of soil erosion decreases the spatial heterogeneity of resources created by 

wind and water, which remove nutrient-rich soil from bare interspaces and deposit them 

in “resource islands”, beneath shrub canopies, thereby preventing grass regrowth.  Here 

using a spatially explicit model, we show how the patch-scale feedbacks between fires 

and soil erosion processes affect resource redistribution and vegetation dynamics in a 

mixed grass-shrub plant community. The results of this study indicate that at its early 

stages, the grassland-to-shrubland transition can be reversible and fire-erosion feedbacks 

may play a major role in determining the reversibility of the system. 
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1. Introduction 

The grasslands and rangelands at the desert margins are very sensitive to external 

drivers like climate conditions and disturbance regime, and can be affected by rapid land 

degradation induced by climate change, grazing, lack of proper management practices 

and changes in vegetation composition due to the introduction of invasive species or 

changes in the competitive pressure among native species [Archer, 1995, D’Antonio and 

Vitousek, 1992; Nicholson et al., 1998; Asner et al., 2004]. The common form of land 

degradation in these arid grasslands involves the relatively rapid encroachment of woody 

plants. Commonly referred to as “shrub encroachment” [Buffington and Herbel, 1965; 

Archer, 1989; Van Auken, 2000; Roques et al., 2001; Cabral et al., 2003; Fensham et al., 

2005], this phenomenon is widespread globally and is usually thought to be highly 

irreversible, with important ecological and hydrological implications [Archer, 1989, 

Huxman et. al., 2005]. Triggering factors such as climate change, increase in atmospheric 

CO2 concentrations, and anthropogenic disturbances, are often invoked to explain the 

initiation of the conversion of desert grasslands into shrublands, while aeolian and 

hydrologic processes tend to sustain this shift in plant community composition by 

enhancing and maintaining local heterogeneities in nutrient and vegetation distribution 

[Reynolds et al., 1996; Okin, 2002].  

 The persistent and catastrophic character of this land cover change, and of the 

associated process of land degradation, suggests that shrub encroachment may result from 

a self-sustained positive feedback loop, arising from the ability of shrubs to modify their 

physical environment creating a favorable habitat for their own survival [Rietkerk and 

van De Koppel, 1997; Anderies et al., 2002; Van Langevelde et al., 2003; Zeng et al., 
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2004]. Thus, positive biophysical feedbacks would enhance and sustain the process of 

shrub encroachment, thereby explaining the rapid shift from grass to shrub vegetation. 

For example, in the case of the southwestern United States the introduction of cattle after 

European settlement led to an enhancement of mesquite seed dispersal, the degradation of 

the grass layer, and a reduction in fire frequency and intensity. These processes triggered 

a self-sustained cycle of erosion, depletion of soil resources, and vegetation loss in grass-

dominated areas, while the encroachment of shrubs was favored by the deposition of 

nutrient-rich sediments transported by wind and water, and the consequent formation of 

fertile shrub patches or “Islands of fertility” [Charley and West, 1975; Schlesinger et al., 

1990; Okin and Gillette, 2001]. These processes resulted in grass mortality and 

subsequent loss of fuel load and grass connectivity, which further suppressed or limited 

fires in the system. Further, as the grass cover decrease, wind and water erosion increase 

in importance [Okin and Gillette, 2001; Breshears et al., 2003], eventually driving 

landscapes with sandy soils into a coppice duneland state [Ravi et al., 2007]. Similar 

consequences of anthropogenic disturbances of dryland soils after the European 

colonization have also been reported in the case of Australia, Southern Africa, and South 

America where large scale commercial grazing in conjunction with management 

practices such as fire suppression led to an increase in woody plants (shrub 

encroachment), with negative impacts on ecosystem function and services [Archer, 1989; 

Pickup, 1998; van Auken, 2000; Cabral et al., 2003; Fensham et al., 2005]. 

The landscape-scale process of land degradation associated with shrub 

encroachment is manifested as an increase in the heterogeneity in the spatial distribution 

of soil resources. Thus the spatial and temporal distribution of soil nutrients is often used 
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as an indicator of changes in ecosystem processes in shrub–grass transition zones 

[Schlesinger et al., 1990; Reynolds et. al., 1996]. Soil erosion and deposition by wind and 

water, are the major factors responsible for the redistribution of soil resources in theses 

systems. Aeolian processes in particular, which dominate in these shrub encroached 

landscapes [Okin and Gillette, 2001; Breshears et al., 2003; Ravi et al., 2007], are 

responsible for the removal of soil and nutrients from the intercanopy areas and 

deposition onto vegetated patches which results in the emergence of a two-phased 

landscape with a mosaic of nutrient-rich soils bordered by nutrient-depleted bare soil. 

Until recently this process of grassland–shrubland conversion was thought to be highly 

irreversible. However recent studies [Ravi et al., in review] show that there exists a very 

dynamical shrub-grass transition state, in which fire plays a major role in determining the 

dominance of grasses. In many of these shrub-grass transition systems, there exists 

enough grass cover for the fire to propagate. Using a combination of replicated field 

experiments to monitor soil erosion processes, changes in microtopogrpahy and post fire 

nutrient redistribution (isotopic tracer experiments), Ravi et al. [in review] showed that in 

the early stages of shrub encroachment fires interact with soil erosion processes resulting 

in enhanced post fire redistribution of soil resources from the fertile shrub islands to the 

intercanopy areas. The post-fire enhancement of resource redistribution was shown to 

have an impact on the recovery of grasses following fires (Chapter 4). Overall the post 

fire resource redistribution results in a breakdown of heterogeneity induced by shrub-

wind/water interactions and favors regrowth of grasses in the interspaces, which recover 

rapidly after fires.  
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Figure 8.1 A heterogeneous landscape at the shrub-grass transition zone at the Sevilleta, 

National Wildlife Refuge, New Mexico showing patches of shrubs, grasses and bare 

(soil) interspaces. (Source: Sevilleta, LTER) 

 

The enhancement of resource redistribution was attributed to an increase in local 

scale soil erosion processes, mainly aeolian [Ravi et al., 2007; Ravi et al. in review]. In 

fact, fires were found to enhance soil erosion in and around burned shrub patches, by 

inducing water repellency in the surface soil, and consequently increasing soil erodibility 

[Ravi et al., 2006a; Ravi et al., 2007]. Thus the field observations in the northern 

Chihuahuan desert reported in Chapter 4 have shown that, by favoring a more 

homogeneous redistribution of soil resources, fire dynamics provide some form of 

reversibility to the process of shrub encroachment. Since the spatial and temporal 

distribution of soil resources is a major determinant of ecosystem processes in shrub-

grass transition zones [Schlesinger et al., 1990], the interactions between fires and soil 
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erosion processes - which contributes to resource redistribution - is hypothesized to have 

a crucial role in the dynamics of these ecosystems [Ravi et al., 2007; Ravi et al., review]. 

Under these circumstances, the islands of fertility can be considered as dynamic features 

on these landscapes in the early stages of shrub encroachment  

Here we develop a process-based minimalist model of coupled vegetation-

resource and fire dynamics to show the mechanistic relation between fire-soil resource 

redistribution and the reconversion to the arid grassland state. This framework is used to 

investigate the relative importance of fires and grazing in these transition systems, and 

their effect on the dynamics of islands of fertility. Spatially explicit cellular automata 

models are commonly used in the study of the spatial dynamics of these highly 

heterogeneous ecosystems [Li and Reynolds, 1997; Hobbs, 1994], as they can be 

modeled as a mosaic of patches, with each patch existing in a discrete state, with state 

changes depending on the frequency and intensity of disturbances (e.g, fires and grazing), 

as well as on the spatial dynamics of vegetation establishment. To this end, we developed 

a spatially explicit model to investigate how the feedbacks between fires and soil erosion 

processes acting at the patch scale may affect resource redistribution and vegetation 

dynamics at the landscape to regional scale.  

The resulting modeling framework has the structure typical of a cellular automata 

model [Wolfram, 1984].  Cellular automata models have been widely used in ecology and 

ecohydrology to simulate the dynamics of spatially extended systems [e.g., Silvertown et 

al., 1992; Colasanti and Grime, 1993; Jeltsch et al., 1997; D'Odorico and Rodriguez-

Iturbe, 2000; van Wijk and Rodriguez-Iturbe, 2002]. These models are not suitable to 

make quantitative predictions of ecosystem dynamics. Rather, they are commonly used to 
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investigate dynamical behaviors and emerging properties of spatially extended systems. 

Here, this modeling approach is used to investigate the combined effect of grazing, fires, 

and soil erosion/redistribution on the spatial dynamics of vegetation in systems affected 

by shrub encroachment. Particularly it will be investigated how the erosion and 

redistribution of soil resources subsequent to fire occurrence may counteract the process 

of shrub encroachment. Moreover it will be shown that the post-fire enhancement of soil 

erosion favors the recovery of grassland vegetation, when fires are re-introduced in the 

system before grasses are completely "lost" from the system.  

 

2. Materials and methods 

2.1 Model framework 

A Spatially explicit cellular automation model was developed to model the vegetation 

structure and resource patterns, which account for the local interactions among nearest 

neighbors. The temporal dynamics are controlled by transition probabilities (change from 

one state - e.g. grass, shrub or bare states - to another) and the spatial dynamics are 

controlled by local rules of interaction, according to the cellular automation framework 

(i.e., assuming that interactions are localized). The model is implemented in a square 

lattice of 1000 x 1000 cells, which represents a surface area of about one square 

kilometer (i.e., each cell could represent a 1 x 1 m2 soil plot) in a shrub-grass transition 

zone. A cell can exist in any of the following five possible discrete states: shrub, grass, 

bare soil, burned grass and burned shrub. Each cell interacts with its 8 nearest neighbors 

to account both for fire propagation and for vegetation encroachment. To avoid boundary 

effects due to the finite size of the domain, periodic boundary conditions are used. The 
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state of the system is expressed by two state variables: vegetation cover (V), and the level 

of soil resources (R). As noted, the vegetation cover is classified as bare soil (V=0), grass 

(V=1), shrub (V= 2), burned grass (V=3) and burned shrub (V=4). The model is 

initialized with a 75% grass cover, 5% shrubs and 20% bare interspaces. This land cover 

is typical of desert grasslands (e.g in the Northern Chihuahuan desert), which exhibit 

about 70 % grass cover, 20-30% bare interspaces, and a very low density of shrubs (e.g., 

Báez et al. 2006). The state variable R is normalized with respect to the resource level of 

the initial grassland state. Thus, R is initially set equal to 1.  

The model is run with the time step of one year. At any time step, grazing may 

convert a grass patch to bare soil with a probability, P1 (“grazing pressure”). The number 

of patches grazed (i.e., the number of grass to bare soil transitions) in each year depends 

on the number of existing grass sites and on the grazing intensity. The resulting bare 

patch loses resources (R) at a rate, e, of soil erosion rate for bare soil. This grazed (bare) 

patch has a small probability, nsP2, to be encroached by one of the shrubs in its ns shrub 

dominated nearest neighbors (with 0≤ns≤8 and P2 representing the encroachment rate), 

provided that the resources (R) in that patch are above a certain threshold, Rth=0, required 

for shrub establishment. If no shrub encroachment occurs in that patch and the resources 

are above the threshold for grass growth, grass grows back. Shrub encroachment may 

result either from the nearest neighbor interaction described above, or randomly by seed 

dispersal (by grazing animals), with probability, P3, which depends on the grazing 

intensity, P1.  

Fires start with the ignition of a grass patch with probability, P4. The value of P4 

is chosen in a way that on average two separate fire events (i.e., two separate random 
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ignitions) occur in the whole domain. The fire spreads according to a nearest neighbor 

rule, which means that the fire spreads from the point of ignition (grass patch) to the 

nearby cells only if they are vegetated. Fire is let spread from neighbor to neighbor -

depending on the connectivity of the vegetated patches – in a sub-yearly process 

throughout the lifetime of the fire. The lifetime is assigned in a way that each fire burns 

about 10 – 30% of the domain area. After fires, the burned vegetation is classified into 

two new states: burned grass and burned shrub states. The burned shrub patches erode at 

a higher rate (4e) compared to bare soil patches, due to the enhancement of soil erosion 

rate due to fire-induced water repellency. The eroded resources are equally redistributed 

to the neighbors of the burned shrub patch if these neighboring sites are either covered by 

burned grass or bare interspaces. Conversely, the erosion rates in the burned grass 

patches are much lower (0.2e) than the erosion rate of the bare soil since the surface soil 

is protected by unburned grass roots. Thus, the post-fire soil erosion rates are all 

expressed either as a multiple or as a fraction of the erosion rate for bare soil (e). The soil 

resources removed by erosion from the unvegetated soil patches is deposited onto 

vegetated (shrub and grass) patches, due to the mechanism of canopy trapping [Charley 

and West, 1975; Schlesinger et al., 1990]. To this end, the total amount of soil resources 

removed by erosion from bare and burned sites is redistributed onto the vegetated patches 

in such a way that the shrub patches receive twice the amount of sediments due to the 

higher trapping efficiency. At the end of the each time step (i.e., year), all burned grass 

patches becomes grasses and the burned shrubs become shrubs with a 25% probability. 

The rate of grass seed dispersal (P5) increases in the year following fire occurrence 

(doubled), due to weaker competition from shrubs, the post-fire homogenization of soil 
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resources, and the short-term fire-induced enhancement of available mineral nutrients 

(e.g., nitrogen). This increased rate of grass establishment is consistent with the field 

observations reported in chapter 4.  

In this model we assume that no direct conversion occurs from shrub to grass and 

that the resources lost from the system are compensated by resource inputs into the 

system in the form of deposition from the surrounding areas. Further, we assume that no 

soil resources are lost from vegetated patches and no net deposition occurs on bare soil 

patches. Moreover, vegetated patches have only a limited capacity to trap and retain soil 

resources; thus, no further resources are deposited at any given site when the resource 

level exceeds a maximum value, Rmax. Here we take Rmax=2, based on our field 

observations in similar ecosystems (Sevilleta NWR, New Mexico) showing that the 

amount of nutrients (e.g. Nitrogen) trapped under shrubs is about twice that of the bare 

interspaces. It is also assumed that the climatic parameters remain unchanged through out 

the simulation period. 

2.2 Model parameters 

The model parameters are described in Table 8.1. The results from the field 

experiments discussed above (Ravi et al., in review) and from other studies in similar 

landscapes (Sevilleta LTER, NM) will be used to parameterize the model.  
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Table 8.1 Model parameters 

 

Sl. No Parameter Parameter values 

1. Fire Frequency 1. P4 = 2 x 10-6 two ignitions per year (lightning) 

2. Total burn area of 10-30% annually 

2. Grazing 

Intensity 

1. Overgrazing rate of  P1=10%  

2. Managed grazing rate of  P1=1% 

3. Soil Erosion –

Deposition 

1. Soil erosion of bare soil (e=0.1),  

2. Post-fire enhancement of erosion in the burned shrub 

patch (e1=5e)  

3. Post-fire erosion in the burned grass patch (e2=0.2 e) 

4. Deposition is a function of eroded soil and the number 

of shrubs and grasses in the system 

5. Post-fire resource redistribution equally to the 

neighboring bare, burned grass patches from burned 

shrub patches 

4. Shrub 

Dynamics 

1. Shrub seed dispersal by cattle with probability P3 = 

0.01 over grazed situation and P3 = 0.001 under 

managed grazing conditions. 

2. Shrub encroachment probability into neighboring bare 

patches P4 = 0.01 

3. Shrub mortality after fire (0.75)  

5. Grass 

Dynamics 

1. Probability of grass seed dispersal when no fire and 

over grazing  P5 = 0.25 

2. Probability of grass seed dispersal following fire and 

controlled grazing P5 = 0.5 
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3. Results 

The model was first used to show that in the absence of periodic fires, overgrazed 

desert grasslands may shift towards a shrub land state over a period of 100-150 years 

(Figure 8.2a) consistently with historical records available for the southwestern United 

States [e.g., Buffington and Herbel, 1965; Van Auken, 2000]. Overgrazing and fire 

suppression lead to shrublands with around 70% bare interspaces and shrub cover of 30% 

after 300 years of simulation (Figure 8.2 a), in agreement with field observations from the 

northern Chihuahuan Desert [Baez et al., 2006]. The grassland to shrubland conversion 

results in the depletion of soil resources and an increase in resource heterogeneity (i.e., an 

increase in the spatial standard deviation, σR, of R, see Figure 8.2 a.2), a manifestation of 

land degradation resulting from the process of shrub encroachment. The resources 

decrease in time and the spatial heterogeneity increases and reaches a stable state when 

shrub islands are formed. In the resulting stable two phased landscape with shrub patches 

and bare interspaces fires cannot propagate due to limited connectivity (Figure 8.2 a.3), 

while shrubs cannot further encroach into the bare soil areas because they are depleted in 

soil resources. At this stage, even if we try to manage the system by introducing fires and 

reducing grazing intensity 100 years after the beginning of the grassland-to-shrubland 

conversion, the system cannot revert back to its initial state (Figure 8.2 b).   
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Figure 8.2 (a) Over grazing and fire suppression (b) Overgrazing and fire suppression 

only for  the first 100 years; for t>100 years an annual fire frequency (two ignitions per 

fire). (a. 1 & b. 1) vegetation density (a. 2 & b. 2) the spatial mean and standard deviation 

of resources and (a. 3 & b. 3) the modeled landscape in a 1000 pixel x 1000 pixel 

domain, colors – white (bare soil interspace), black (shrub) and orange (grass). 

 

However if we manage (with fire and controlled grazing) the system at an earlier 

stage of shrub encroachment (75 years) the model indicates that the system can return to 

the initial state with around 70% grass cover (Figure 8.3 a). Fire occurrence in a shrub-

grass system results in resource homogenization (decrease in heterogeneity) and may 

shift the dynamics towards a grassland state (Figure 8.3 a.2 & a.3), depending on the 

initial vegetation structure and resource levels. 
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To investigate how the post-fire enhancement of soil erosion (Ravi et al., 2007) 

affects the vegetation and resource dynamics of the system, the same model simulation 

was run with no post-fire enhancement of soil erosion rates (i.e., with e1=e) from burned 

shrub patches (Figure 8.3 b). The result indicates that more grass recovery and 

subsequent decrease in resource heterogeneity occurred in the simulation with 

enhancement of post-fire soil erosion (Figure 8.3 a & b).  

 

Figure 8.3 Same as Figure 8.2 for the first 75 years. After 75 years (a) grazing pressure is 

decreased and fires are allowed to occur with a frequency of once every year (b) same as 

(a) but with no enhancement of erosion rates. (a. 1 & b. 1) vegetation density (a. 2 & b. 2) 

the spatial mean and standard deviation of resources and (a. 3 & b. 3) the modeled 

landscape in a 1000 pixel x 1000 pixel domain, colors – blue (bare soil interspace), red 

(shrub) and green (grass) 
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The simulation with fire and low grazing intensity, but with no post fire 

enhancement of soil erosion rates, shows that the system did not recover completely, and 

had around 50% grass cover and 50% bare interspaces compared to 65% grass cover and 

35% bare interspaces in the simulation with fire-induced enhancement of soil erosion in 

the burned shrub patches. To show the relative importance of fire and grazing, the model 

was run using low grazing rates (managed grazing) after the first 25 and 75 years,  and no 

fires throughout the simulation period (Figure 8.4 a & b). The results indicate that even if 

the grazing rate was reduced to 1% from the initial intensity of 10%, the system cannot 

recover. However if the low grazing intensity was combined with fires, the system 

recovered very well (Figure 8.5 a & b). The model simulations indicate that, had the 

management practices been introduced earlier (25 years), a fire frequency of once every 

two years would have been sufficient to maintain the grass cover (Figure 8.5 b). 

 

Figure 8.4 Same as Figure 8.2 but with a decrease in grazing rates after (a) 25 years and 

(b) 75 years (still with no fires). (a.1 & b.1) vegetation density (a.2 & b.2) the mean and 

standard deviation of resources 

 

 

 



 141

 

Figure 8.5 Overgrazing and no fires - as in Figure 8.2 - for the first 25 years. After year 

25 (a) fire applied annually, i.e., on average one fire (or 2 grass ignition events) occurs 

every year in the 1000 pixel x 1000 pixel domain, (b) fire applied on average once every 

2 years in the same domain. (a.1 & b.1) vegetation density (a.2 & b.2) the mean and 

standard deviation of resources 

 

4. Discussion 

Fire suppression and grazing are often considered as two major contributing 

factors to the dominance of shrubs and an increase in the bare soil interspaces (Figure 

8.2a). In the absence of management practices, the system reaches after 100-150 years an 

alternative stable shrubland state, with very limited resilience (Figure 8.2b). However if 

we limit the grazing intensity and establish an annual fire cycle 75 years after the 

beginning of the  shrub encroachment process, the system recovers to the initial grassland 

state (Figure 8.3a). Thus, it is shown that in the shrub-grass transition zone fires have the 

ability to prevent the progression of the system towards a stable shrubland state. These 

results are consistent with our field experiments in shrub-grass transition zone in the 

Chihuahuan desert [Ravi et al., in review]. The model simulation without post-fire 

enhancement of erosion from burned shrub patches indicates that in the absence of this 
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process, the recovery of grass is lower compared to the former case. Thus the feedbacks 

between fires and soil-erosion contribute to the reversibility of vegetation dynamics in 

these landscapes, and to the dynamics of the islands of fertility. It is also shown that at a 

very early stage of shrub encroachment (25 years) even if the grazing intensity was 

reduced by 1/10th of the initial intensity, the system cannot go back to the initial density 

of grasses in the absence of fire. A lower grazing intensity slows down the transition 

process of grassland to shrubland (Figure 8.4a). The results indicate that reducing the 

grazing intensity alone will not help in increasing the grass cover. Even though grazing 

management may slow down the grass decline rates, the shrub densities are not 

noticeably affected, as no mechanisms would be in place to contribute to shrub removal. 

Thus, fire is the major factor controlling the reversibility of grassland to shrubland 

conversions. Figure 8.5 clearly shows the importance of fire in the management of these 

shrub encroached landscape. If at an early stage (25 years) the system is managed with a 

lower grazing intensity and prescribed or natural fires, the grass cover can be maintained 

even with a lower fire frequency. However the season of fire application is also 

important. Fires applied in peak windy seasons and extended periods of drought can lead 

to loss of resources from the system, as fire exposes the soil to the erosive action of wind. 

Further the reversibility of shrub encroachment process depends on the shrub species and 

the growth stage, as the shrub mortality caused by fires depend on these factors. In a 

system with invasive annual grasses instead of native perennial grasses, the post fire 

resource redistribution could lead to the dominance of invasive grasses, which can have 

negative effect on ecosystem processes. 
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5. Conclusions 

Our results indicate that the interactions between fires and soil erosion processes 

can provide some form of reversibility to the early stages of shrub encroachment by 

decreasing the spatial heterogeneity of soil resources in the system. This investigation 

shows the relative importance of fire and grazing in shrub-grass transition zones and 

highlights the role of fire as a management tool. By enhancing soil erodibility under 

burned shrubs, fires result in resource homogenization and favor grass regrowth. Thus 

fire-erosion feedbacks are major factors controlling the dynamics of desert grasslands. 

Global climate change, decline in vegetation cover, and droughts have resulted in drier 

conditions in arid and semi arid regions of the world. The increase in aridity results in the 

dominance of abiotic processes of land degradation such as the aeolian and hydrological 

transport processes. Further in shrub encroached landscapes, there is a dominance of 

wind erosion processes. Thus the modeling framework proposed here can be used to 

investigate qualitatively the possible changes in ecosystem structure and function under 

different management scenarios. 
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CHAPTER: 9 

SUMMARY 

 

Land degradation in drylands is one of the major global environmental issues of 

the 21st century because of its impact on the World’s food security, environmental 

quality, regional climate change, and desertification. A common manifestation of land 

degradation in grasslands at the desert margins is associated with the rapid encroachment 

of shrubs and the increase in the extent of bare soil areas. This phenomenon has 

important ecological, hydrological and biogeochemical consequences. Despite the 

significance of this process of shrub encroachment, the factors controlling its reversibility 

remain poorly understood. 

The novel research presented in this dissertation deals with fundamental processes 

controlling land degradation in grasslands at the desert margins. Particularly, I 

demonstrate that at the early stages of woody plant encroachment in desert grasslands, 

fires play a major role in the local scale redistribution of soil resources, thereby 

counteracting the heterogeneity forming dynamics of land degradation associated with 

woody plant encroachment. This redistribution is attributed to the enhancement of local 

scale soil erosion processes, mainly aeolian, which dominate in these dryland landscapes. 

Fires enhance local scale soil erodibility by altering the physical and chemical properties 

of the surface soil, leading to varying degrees of soil water repellency, depending on 

vegetation, soil type and fire characteristics. Despite the recognized relevance of both 

fires and wind erosion to the structure and function of these ecosystems, the interactions 

between these two processes remain poorly understood.  Further, even though the effects 
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of fire induced water repellency on water erosion is well studied, its effects on aeolian 

erosion processes, which dominate in these shrub encroached desert grasslands have 

never been assessed before. The research presented in this dissertation shows that the 

levels of soil hydrophobicity developed by typical rangeland fires are able to enhance soil 

erodibility. The fire-induced soil hydrophobicity observed in the soils beneath burned 

vegetation (shrubs) enhances soil erodibility by weakening the interparticle wet-bonding 

forces. This ability of fire induced soil-water repellency in enhancing soil erodibility was 

tested in the laboratory and mechanistically explained. The wind tunnel tests were 

conducted using natural soils from arid grasslands, shrublands and shrub-grass transition 

zones to assess the role of vegetation type on fire induced water repellency and post-fire 

soil erosion processes. Wind tunnel tests using artificial soils, which were treated with 

water repellent organic compounds in the laboratory, indicated that fire induced water 

repellency enhances aeolian processes, even in the absence of confounding factors that 

might result from the fire treatment (e.g., effect of fires on microbial crusts). Further, 

replicated field manipulation experiments were conducted at a shrub-grass transition zone 

using a combination of erosion monitoring techniques, microtopography measurements, 

infiltration experiments and isotopic studies to show that fires interact with erosion 

processes to encourage a more homogeneous distribution of soil resources.  

The research presented in this dissertation highlights the role of wind and water 

erosion processes in shrub encroached landscapes and how these processes are affected 

by disturbances like fires. The results of this study indicate that fires tend to counteract 

the heterogeneity-forming dynamics of land degradation associated with shrub 

encroachment, thereby enhancing the reversibility of the early stages of this process. It is 
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also demonstrated how the interaction between desert plants and soil erosion-deposition 

processes (aeolian and hydrological) may explain the relation between vegetation patterns 

and processes in dryland landscapes. These findings highlight the role of fire as a 

management tool in the early stages of the land degradation process associated with 

woody plant encroachment in arid grasslands.  

This research has potential implications on the sustainability of agricultural and 

rangeland systems in arid and semi arid regions and the response of these systems to 

management practices and global climate change scenarios. 
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APPENDIX: A 

 

DESCRIPTION OF STUDY SITES 

The soil sampling for wind tunnel experiments was conducted in two different 

ecosystems from the southwestern United States which are prone to fires and wind 

erosion, namely, the Sevilleta National Wildlife Refuge (New Mexico, USA) and 

Cimarron National Grassland (Kansas, USA). The major part of the study was conducted 

at the Sevilleta Long Term Ecological Research site within the Sevilleta National 

Wildlife Refuge. The replicated field experiments and infiltration experiments were 

conducted at the Sevilleta LTER site (Chapter 4). The role of hydrologic and aeolian 

controls on vegetation patterns were investigated in a shrubland site at the Jornada 

Experimental Range (Chapter 2) and also in a grassland site at the Sevilleta Wildlife 

Refuge (Chapter 3). 

 

Figure A.1 The map of United States showing location of the field sites 
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SEVILLETA NWR, NEW MEXICO, USA 

Source: Sevilleta LTER, (http://sev.lternet.edu/ ) 

The Sevilleta LTER site is located in the northern Chihuahuan desert, 20 miles 

North of Socorro, NM, in and around the Sevilleta National Wildlife refuge. The mean 

annual temperature (from 1989-2002 at a grassland site) is 13.2o C with a low of 1.6o C in 

January and 25.1o C in July. However, large diurnal variations in temperature are 

common in this region. Average annual precipitation is less that 250 mm, and most of the 

precipitation comes during the summer monsoon season from June through September. 

The Sevilleta NWR consists of Chihuahuan desert grassland to the south and the Great 

plain grasslands to the north. The upper elevations of the neighboring mountains consist 

of Pinion-juniper woodlands and the middle of the Rio Grande Valley consists of riparian 

vegetation (Figure A.2). 

 

Figure A.2 The vegetation types at Sevilleta NWR, USA (source: Sevilleta LTER). 
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Figure A.3 (a) Shrub-grass transition zone and (b) a prescribed burn at Sevilleta NWR, 

New Mexico, USA. 

 

The field experiments were conducted in the proximity of a shrub encroachment 

front (34o 20’ 17.0’ N, 106o 43’ 3.0’ W). The sites represented a transition between 

Chihuahuan desert grassland and desert scrub habitats (Figure A.3 a). The field sites were 

in a heterogeneous landscape with dense grass patches, scattered shrub patches and non 

vegetated (soil) interspaces. The grass cover was minimal at the shrub base but provided 

enough connectivity among shrubs to allow for the spread of fires in the presence of 

strong winds (Figure A.3 b). The soil is a sandy loam. The dominant grass species was 

black grama (Bouteloua eriopoda) and the dominant shrub species was creosote bush 

(Larrea tridentata) and snake weed (Gutierrerzia spp). Soil sampling (Chapter 7) was 

done on burned plots capitalizing on controlled burns that are routinely performed at 

these sites as part of fire management, to decrease the fuel load and to eliminate invasive 

species and shrubs. For the field experiments (Chapter 4) prescribed burns were 

conducted which were confined inside the replicated plots.  The role of hydrological and 

aeolian controls on ring pattern formation in grasses was investigated in a blue grama 

(ring shaped) dominated grassland area. 
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JORNADA LTER, NEW MEXICO, USA 

Source : Jornada LTER (http://jornada-www.nmsu.edu/index.php?withJS=true# ) 

Study site was Jornada Experimental Range (USDA-ARS), located in Northern 

Chihuahuan Desert, around 20 miles northeast of Las Cruces, New Mexico. The site was 

characterized by an average elevation of 1188 meters and average annual precipitation 

was 240 mm and most of the annual precipitation (around 50-80%) occurs in July to 

September. The average temperature varies from 13o C in January and 36o C in June. The 

infiltration experiments (Chapter 2) were conducted in a honey mesquite (Prosopis 

glandulosa) dominated shrubland.  

 

CIMARRON NATIONAL GRASSLANDS, KANSAS, USA 

Source: USDA- Forest Service (http://www.fs.fed.us/r2/psicc/cim/) 

The Cimarron National Grasslands is located in Morton County, in the southwest 

corner of Kansas. This grassland covers 44,000 ha and the elevations range from 960 m 

to 1078 m. The climate is characterized by mild winters and hot dry summers. The 

average annual precipitation is around 400 mm per year and occurs mostly in April to 

September. In some areas of this grassland, there is large scale encroachment of yucca 

and sagebrush. The area is prone to severe wind erosion, severely affected by the dust 

bowl of 1930s. The vast rangelands are manipulated through livestock grazing and fire 

management. The wildlife at Cimarron includes pronghorn (antelope), mule and whitetail 

deer, and over 351 bird species and 31 species of amphibians and reptiles. The soil 

sampling for the wind tunnel experiments was conducted after a natural fire (termed the 

“Steeler Fire” and it burned an area of approximately 1700 ha). (Chapter 5 and 6) 
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APPENDIX: B 

 

Global woody plant encroachment map (Figure 4.1) 

The global map of woody plant encroachment (Figure 4.1) was prepared using 

MODIS land cover product (desert vegetation), Terra MODIS fire data (global annual 

burned area estimates) and a review of over 200 published studies on woody 

encroachment around the world. The woody plant encroachment locations were collected 

from around two hundred published studies on woody plant encroachment around the 

world including: 

• Africa  [De Wolf, 1998; Hochberg et al., 1994; Holmes, 2001; Hudak and 

Wessman, 1998; Jauffret and Lavorel, 2003; Jeltsch et al., 1997; Menaut et al., 

1990; Palmer and van Rooyen, 1998; Prins and van der Jeugd, 1993; Roques et 

al., 2001; Tews et al., 2004] 

• Asia [Carmel and Kadmon, 1999; Chen et al., 2005; Dayal, 2007; Jadhav et al., 

1993; Li et al., 2004; Li et al., 2006; Sharma and Dakshini, 1998] 

• Australia [Beringer et al., 2007; Costello et al., 2000; Friedel et al., 2003; Sharp 

and Bowman, 2004; van Klinken et al., 2006; van Klinken et al., 2007] 

• Europe [Badano and Pugnaire, 2004; Zarovali et al., 2007] 

• North America [Ansley et al., 2001; Archer, 1989; Berlow et al., 2002; Boutton 

et al., 1998; Brown and Carter, 1998; Coppedge and Shaw, 1997; Gao and 

Reynolds, 2003; Goslee et al., 2003; Hochstrasser and Peters, 2004; Jimenez-

Lobato and Valverde, 2006; Jurena and Archer, 2003; Laliberte et al., 2004; Lett 

and Knapp, 2005; Li and Wilson, 1998; McCarron and Knapp, 2001; McGlynn 
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and Okin, 2006; McPherson et al., 1988; Ravi et al., 2008; Ravi, 2007; Wheeler et 

al., 2007; Yorks et al., 1994] 

• South America [Altesor et al., 2006; Brener and Silva, 1995; Cabral et al., 2003; 

Carretero et al., 2007; de Camargo et al., 1999; Jose and Farinas, 1983; 

Kitzberger et al., 2000]. 

 

The reference list has only selected publications from which the coordinates are 

taken to create the Figure 4.1 (Chapter 4). 
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APPENDIX: C 

 

The derivation of an expression for the interparticle wet bonding forces (Fi) to an 

express Fi as a function of the contact angle. (Chapter 6) 

We generalize the theory of McKenna Neuman and Nickling (1989) to account 

for the dependence of interparticle bonding forces because of liquid-bridges on the 

contact angle. To this end, we use their schematic representation of soil grains as co-

axial, dissymmetric cone surfaces touching each other at the vertices, as shown in Figure 

6.6.  The interparticle forces because of liquid-bridges can be expressed as the sum of 

two components, one associated with the pressure deficit inside the liquid-bridge acting 

through a circular surface of radius r1 and the other the surface tension component in the 

z direction acting along the line of contact between soil grains and the air-water interface. 

Thus, the force exerted by the liquid-bridge on soil grain 1 (Figure 6.6) can be expressed 

as 

Fi1 = ψπ r1 
2 + 2π r1 Tw cos(β-γ),                                 (C.1) 

which should be equal to the opposite force exerted by the liquid-bridge on grain 2  

Fi2 = ψπ r2 
2 + 2π r2 Tw cos(α-γ),                                                                (C.2) 

with ψ being the water pressure (water potential), Tw the surface tension of water, and γ 

the contact angle. At the instant of particle motion (threshold), an equilibrium exists 

between these two forces, which can be represented as 

ψπ r1 
2 + 2π r1 Tw cos (β-γ) = ψπ r2 

2 + 2π r2 Tw cos (α-γ).                          (C.3) 

On the basis of the simple geometric considerations (see Fig. 6) we have 

h1 + h2 = R1 (sin(β-γ) + sin(α-γ)) ,                                (C.4) 
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h1 = 
β

γβ
β tan

)cos(
tan

1211 −−+
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RRRr
,                     (C.5) 

and 

h2 = 
α

γα
α tan

)cos(
tan

1212 −−+
=
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By inserting equations (C5) and (C6) in (C4) we obtain  
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Thus, we express R2 as a function of R1 

R1C = R2                                           (C.8) 

with C depending on γ and on the angles α and β 

C= ƒ (γ) = 

αβ

α
γα

β
γβγαγβ

tan
1

tan
1

tan
)cos(1

tan
)cos(1)sin()sin(

+

−−
−

−−
−−+−

     (C.9) 

The constant C can be rewritten as  

C = B cos(γ) – 1                     (C.10) 

with  

B =

βα

βα

tan
1

tan
1

sin
1

sin
1

+

+
.                                (C.11) 

 

Equation (C.8) in (C.5) and (C.6) gives 

r1= R1(1-cos(β-γ) +C) and r2= R1(1-cos(α-γ) +C)                             (C.12) 
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Equations (C.12) can be inserted in (C.3) leading to the following equation 

ψR1 = Tw ⎟⎟
⎠

⎞
⎜⎜
⎝

⎛
−
−

21

12

aa
bb                                            (C.13) 

with 

a1= (1-cos (β-γ) + C)2 = (B cos(γ) – cos (β-γ))2        (C.14-a) 

a2= (1-cos(α-γ) + C )2 = (B cos(γ) – cos(α-γ))2   (C.14-b) 

and 

b1=2 (1-cos(β-γ)+C) cos(β-γ) = 2 (B cos(γ)-cos(β- γ)) cos(β -γ)   (C.15-a) 

b2=2 (1-cos(α-γ)+C) cos(α-γ) = 2 (B cos(γ)-cos(α- γ)) cos(α -γ).       (C.15-b) 

 

 

Equations (C.12), (C.14-a), and (C.15-a) may be inserted into (C.1) to express the 

interparticle force as  

Fi = Fi1   =   Fi2 =ψπR1
2 (1-cos(β-γ)+C)2 + 2πR1 (1-cos(β-γ)+C) Tw cos(β-γ)  

 = ψπR1
2a1+ πR1b1Tw             (C.16) 

Using equation (C.13) we obtain  
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⎦
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with 

G= DbDa 1
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γαγβγ
γαγβγ

−+−−
−+−−

B
B  .      (C.18) 

 

G modulates the dependence of Fi on the contact angle, γ, and on the particle geometry.  
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To facilitate the comparison with the expression obtained by Ravi et al. [2006a] for the 

case of spherical soil grains, we use (C.12) and (C.14-a) and rewrite the first part of 

(C.17) in the form 

⎥
⎥
⎦

⎤

⎢
⎢
⎣

⎡
+==

1

1
1

1
1 a

baD
Tr

F
G

w

i

π
                                        (C.19) 

In particular, in the case of symmetrical cones (i.e., α=β) equation (C.19) becomes 
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